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ABSTRACT 
Keijzer, H. 2000. Transport of nonlinearly biodegradable contaminants in 
porous aquifers - Numerical, analytical and stochastic modeling. Doc-
toral Thesis, Wageningen University, Wageningen. The Netherlands, 144 pages. 
This thesis deals with the transport behavior of nonlinearly biodegradable 
contaminants in aquifers. Such transport occurs during in situ bioremediation 
which is based on the injection of an electron acceptor or electron donor. The 
main interests in this thesis are the mutual influences of underlying processes, i.e. 
transport, adsorption and biodegradation, and their influence on in situ bioreme-
diation performance. To gain insight in these influences, the processes in a homo-
geneous aquifer are studied. Subsequently, the effect of physical heterogeneity of 
an aquifer on the displacement of the biodegradable contaminant is examined. 
Considering a homogeneous aquifer, numerical simulations are performed to 
ascertain the effect of transport, adsorption and biodegradation on the displace-
ment of the contaminant and of the electron acceptor or electron donor. In the 
initial phase, the developed numerical results are successfully described by first 
order degradation. In the final phase, the numerical results show a traveling 
wave behavior; the developed concentration fronts have constant front shapes and 
'travel' with a constant velocity through the aquifer. This behavior is due to the 
balance between the steepening effect of nonlinear biodegradation and the spread-
ing effect of dispersion. Because of this traveling wave behavior, semi-analytical 
solutions have been derived that satisfactorily approximate the numerical results. 
These semi-analytical solutions are used to assess the performance of the in situ 
bioremediation. If in situ bioremediation is applied to a polluted site, the electron 
acceptor injection concentration and the injection velocity will be the only ma-
nipulative properties. By varying these two properties, the in situ bioremediation 
performance can be influenced and optimized. 
To study a physical heterogeneous aquifer, the hydraulic conductivity is con-
sidered spatially variable and it is assumed to be a random space function. The 
effect of physical heterogeneity is determined using a Lagrangian stochastic ap-
proach. Results show that incorporation of physical heterogeneity leads to a 
spreading of the breakthrough curve of both the contaminant and the electron 
acceptor or electron donor. In case of a large degree of heterogeneity, i.e. a 
strongly heterogeneous aquifer, it is the heterogeneity which determines the shape 
of the breakthrough curve and not the dispersion or nonlinear biodegradation. 
Keywords: in situ bioremediation, nonlinear biodegradation, Monod kinetics, 
modeling, traveling wave, semi-analytical solution, stochastic approach, aquifer, 
porous media. 
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Around 1980, residential areas, e.g. 'Lekkerkerk', were discovered to be 
highly contaminated in the Netherlands. After this discovery, the govern-
ment made an inventory of possibly polluted sites. The inventory showed 
that more than 4000 sites were polluted, of which 1000 sites would need 
further investigation and around 350 sites would have to be remediated 
immediately. The government was forced to deal with soil pollution at 
short notice and developed temporary regulations: de Interimwet bodem-
sanering (IBS), 1983. Because of the concern of the people living at or 
nearby the contaminated sites, the government started cleaning the most 
hazardous sites even before the regulations were developed. The remedia-
tion was done in a rather rigorous manner because in situ soil remediation 
techniques were unavailable. The contaminated soil was removed and re-
placed by unpolluted soil. The contaminated soil was either cleaned off site 
or transported to storage areas, e.g. the Papegaaienbek or the Slufter. The 
costs involved were extremely high and cleaning all the contaminated sites 
this way was financially not feasible. Therefore, the government started to 
subsidize the scientific research to improve soil remediation techniques. 
Soil remediation originally involved two strategies. The first is the 
recovery of the multifunctional application of the soil, e.g. by excavation of 
the soil followed by treatment [36] or storage if treatment is impossible. The 
second one is the isolation of the contaminant if recovery is not feasible. The 
isolation of the contaminant should reduce its spreading to the environment. 
Possible isolation techniques are placing vertical and horizontal fences in 
the soil, extraction of the groundwater, or physical or chemical fixation 
techniques [36]. 
Excavation is a complete but rather labor intensive and expensive re-
mediation technique. In case of constructions on the site, excavation is not 
well feasible without tearing down the buildings. Therefore new recovery 
techniques are being developed, so called in situ remediation techniques, 
which make it possible to treat the soil at relatively low cost and with-
out interrupting business. Nowadays, experience has been gained for the 
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improvement of excavation techniques but also new in situ remediation 
techniques are still being developed. 
In situ REMEDIATION TECHNIQUES 
In situ remediation techniques have been developed to treat contami-
nated soils, surfacewater and groundwater. Hamby [18] provides a compre-
hensive overview of these remediation techniques. In the following, some in 
situ remediation techniques are discussed that are applicable for aquifers 
since the main interest of this thesis concerns contaminated aquifers. The 
treatment of aquifers is based on the removal of the contaminant, the trans-
formation of the contaminant into harmless compounds or both. If the 
contaminant is removed, it is still present in the environment, though in a 
smaller volume outside the aquifer, and it still has to be treated or trans-
formed. The removal of the contaminant is a physical process, whereas the 
transformation can be achieved by chemical or biological processes. 
One of the earliest in situ remediation techniques is the pump and treat 
technique [3, 24, 27, 25] where contaminated groundwater is extracted from 
the aquifer and treated above ground. This treatment can either be based 
on physical processes, e.g. air stripping to remove volatile contaminants 
[34, 36], chemical processes, e.g. activated carbon treatment to remove 
heavy metals [17, 36], or biological processes, e.g. bioreactors to remove 
organic contaminants [25, 36]. To enhance the removal of the contaminant 
during the pump and treat technique, the treated groundwater can be en-
riched with an extraction solute, e.g. surfactants for organic contaminants 
[6, 15, 32] or acids for heavy metals [20, 35], and injected into the aquifer so 
that the contaminant becomes more mobile. Furthermore, the pump and 
treat technique can be used to enhance biodegradation by which part of 
the contaminant is transformed into harmless compounds. If the contami-
nated groundwater is enriched with an electron acceptor or electron donor, 
nutrients or both, the biodegradation of the contaminant is stimulated. I 
will refer to this technique as in situ bioremediation [37, 45]. A similar in 
situ remediation technique is air sparging [19, 22, 41]. In this technique air 
is injected through a well to an area beneath the water table. The process 
aerates the groundwater and removes volatile contaminants. The air sparg-
ing process can also be used in conjunction with biodegradation to provide 
increased oxygen for groundwater remediation [19, 41]. 
Nowadays a new insight has become very popular. In principle, the 
contaminant levels decrease naturally without intervention, so called natu-
ral attenuation [26, 28, 43], by either dilution or biodegradation. Hence, no 
expensive remediation techniques seem to be necessary. Whether natural 
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attenuation is an applicable remediation concept depends, for example, on 
the time period available before the contaminated site should be remedi-
ated, the allowable spreading of the contaminant plume and whether there 
is an acute danger for public health or environment. 
In situ BIOREMEDIATION 
The type of in situ remediation technique chosen to remediate a con-
taminated aquifer strongly depends on the type of contaminant, e.g. heavy 
metal, PAH, BTEX. etc. This thesis investigates aquifers that are polluted 
with an organic contaminant and where in situ bioremediation is used to 
treat the aquifer. At an injection well, treated groundwater enriched with 
an electron acceptor or electron donor is injected. Downstream, the con-
taminated groundwater is intercepted and subsequently treated. The main 
interest in this thesis is the processes occurring in the aquifer itself, i.e. 
transport, adsorption and biodegradation. 
Organic contaminants can be present in the aqueous and the solid phase 
of the aquifer. In the aqueous phase, the dissolved contaminants are trans-
ported through the aquifer by the groundwater flow. In the solid phase, 
they are adsorbed to soil particles and immobile. Research has suggested 
that only organic contaminants present in the aqueous phase can be biode-
graded by indigenous micro-organisms [29, 31]. Hence, a sorbed contami-
nant has to desorbe from the soil particles before biodegradation can oc-
cur. This biodegradation may occur under aerobic or anaerobic conditions. 
Under aerobic conditions, indigenous aerobic bacteria use oxygen as the 
electron acceptor, whereas, under anaerobic conditions, indigenous anaer-
obic bacteria, i.e. iron or sulfate reducers, use respectively iron (Fe3+) or 
sulfate as the electron acceptor. If oxygen, nitrate, iron and sulfate are 
simultaneously available, first oxygen then nitrate followed by iron and fi-
nally sulfate will be used as the electron acceptor [44]. In addition, under 
anaerobic conditions the contaminant may be used as electron acceptor and 
an electron donor is necessary to enhance biodegradation [7]. In both aero-
bic and anaerobic biodegradation, the contaminant is often used as carbon 
and energy source. Generally, the growth of the indigenous micro-organisms 
depends nonlinearly on the available organic contaminant and electron ac-
ceptor or electron donor and linearly on the present micro-organism popula-
tion [30]. Research has shown that during the aerobic microbial growth on 
methane or phenol also the biotransformation of trichloroethylene occurs 
[1, 21]. This process is known as co-metabolism. 
Environmental conditions that influence the organic contaminant bio-
degradation are the availability of either electron acceptors or donors and 
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of essential nutrients. Therefore, to enhance biodegradation we can alter 
the environmental conditions to create an optimal environment, e.g. we can 
inject electron acceptors or donors and nutrients. Guidelines are needed for 
choosing the best concentrations and injection rate for the in situ biore-
mediation. Development of such guidelines requires modeling, since due to 
slow kinetics of the involved biological processes, in situ experiments are 
expensive and time consuming. Furthermore, permission to conduct in situ 
experiments may not always be granted. 
Because in situ bioremediation may involve the injection and extraction 
of the water phase of the soil, complex three-dimensional flow patterns 
develop. Simultaneous modeling of groundwater flow and the transport 
of the contaminant is performed by numerical models. An overview of 
different bioremediation models has been given by Baveye and Valocchi 
[2], de Blanc et al. [5], and Sturman et al. [45]. The different models 
distinguish themselves by the different assumptions made concerning e.g. 
the number of involved compounds, their mobility, whether mass transfer 
limitations are considered, the used biodegradation kinetics equations and 
the presentation of the micro-organism population. 
These numerical models are often time consuming and relative inflex-
ible. Therefore, research is carried out to develop analytical models. Oya 
and Valocchi [33] and Xin and Zhang [46] have studied in situ bioremedi-
ation analytically. Oya and Valocchi [33] present an analytical expression 
for the long-term degradation rate of the organic pollutant, derived from 
a simplified conceptual bioremediation model. Xin and Zhang [46] derive 
(semi)-analytical solutions, using a two component model by neglecting 
pore-scale dispersion and setting biomass kinetics to equilibrium. This the-
sis deals with the derivation of a semi-analytical solutions for a different 
conceptual model and uses these semi-analytical solutions to gain insight 
in the effect of physical and biochemical parameters of the soil on the per-
formance of the in situ remediation technique. 
H E T E R O G E N E I T Y 
In situ bioremediation, as all in situ remediation techniques, is strongly 
influenced by the natural variability of the soil properties caused by depo-
sition of soil material, rock weathering and soil morphological processes. 
Also the variability of the physical and biochemical properties, such as the 
hydraulic conductivity, the porosity, the pH, the redoxpotential and organic 
matter, may have a strong effect on the transport of an organic contaminant 
that undergoes nonlinear biodegradation. A complication stemming from 
the spatial variability of properties, heterogeneity, is that for a detailed 
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deterministic model the properties have to be known at all considered posi-
tions. Hence, an enormous amount of data is needed whereas often the de-
terministic distribution of the properties are unknown. To circumvent this 
problem, stochastic approaches are developed where the spatially variable 
property is regarded as a statistically stationary random space function. 
Hence, the results of the approach are also given in statistical terms, i.e. 
moments (mean, variance, etc.). 
Dagan [11], Dagan et al. [12], Cvetkovic and Dagan [9], and Dagan 
and Cvetkovic [14] have developed the Lagrangian stochastic approach that 
relates the statistics of the hydraulic conductivity to the statistical moments 
of the solute mass flux for instantaneously or continuously injected solutes. 
In this approach, the transport of conservative or reactive solutes is viewed 
as taking place along a set of random trajectories where the solute mass is 
advected and subjected to biochemical processes. Pore-scale dispersion and 
molecular diffusion are neglected. The Lagrangian approach is applied to 
conservative solutes [12, 40], linear sorbing solutes [10, 38, 39, 13], nonlinear 
sorbing solutes [42, 4] and to solutes that undergo linear sorption kinetics 
[8, 9, 14]. In this thesis the Lagrangian approach is applied to nonlinear 
biodegradable solutes. This was also done recently by Ginn et al. [16], Xin 
and Zhang [46] and Kaluarachchi et al. [23]. The work in this thesis differs 
from theirs because one electron acceptor, instead of none [16] or two [23], 
is considered and a semi-analytical solution, instead of a numerical method 
[23], is used to determine an expression for the averaged contaminant mass 
flux, instead of the resident concentration [46], in a heterogeneous aquifer. 
The changes in the averaged contaminant mass flux assess the interaction 
between heterogeneity and nonlinear biodegradation. 
O B J E C T I V E S 
As was outlined, environmental conditions influence the in situ bio-
degradation of organic contaminants. The first objective is to gain in-
sight in the transport behavior of a nonlinear biodegradable contaminant 
in a homogeneous aquifer. During the transport different processes take 
place, e.g. flow, dispersion, linear adsorption and nonlinear biodegrada-
tion. The obtained insight tells whether and when one of these processes 
dominates and it leads to guidelines for choosing proper conditions to op-
timize the in situ bioremediation. To obtain this insight we develop a 
numerical biodegradation model and perform numerical simulations for a 
one-dimensional aquifer. 
A second objective is to derive analytical models for which the solutions 
approximate the results of the numerical simulations. The advantage is 
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that the analytical approximations are determined very quickly and still all 
important processes are incorporated. To derive analytical models simplifi-
cations are often necessary. These simplifications restrict the applicability 
of the analytical model. During the study, the simplifications are decreased 
to weaken the restrictions such that the analytical model becomes more 
realistic and applicable. 
A third objective is to determine the remediation conditions that opti-
mize the in situ bioremediation using the developed analytical models. If a 
specific contaminated site is considered and an electron acceptor is chosen 
to remediate the site, the only adjustable properties are the injection con-
centration and the injection rate. Hence, the injection concentration and 
injection rate that optimize the in situ bioremediation are determined. 
The final objective is to gain insight in the interaction between the 
physical heterogeneity and nonlinear biodegradation. In this way the results 
of this thesis could be applied to in situ bioremediation in field situations. 
O U T L I N E 
This thesis is a compilation of several papers, published in or submitted 
to international scientific journals. In all chapters a nonlinear biodegradable 
organic contaminant is considered. In chapter 2 and 3 the contaminant is 
immobile, whereas in the other chapters the contaminant is mobile and 
sorbs linearly. 
In chapter 2 the behavior of the organic contaminant is studied by 
numerical simulations. Three characteristic regimes are distinguished, a 
low electron acceptor consumption regime, an intermediate regime and a 
fast electron acceptor consumption or traveling wave regime. For the first 
regime an analytical model is derived that approximates the numerical 
results. Chapter 3 contains an analytical model that approximates the 
results of the traveling wave regime. In this chapter also an analysis of the 
effect of the physical and biochemical parameters on the developed traveling 
wave is performed. 
In chapter 4, the analytical model of chapter 3 is extended such that a 
mobile and linearly sorbing contaminant can be considered. In chapter 5 
this analytical solution is used to determine the performance of the in situ 
bioremediation. The performance is characterized by the 99% remediation 
time and the ratio of contaminant biodegraded to contaminant flushed out. 
Physical heterogeneity may have a large impact on the in situ biore-
mediation. Therefore, in chapter 6 the Lagrangian approach developed by 
Dagan [11], Dagan et al. [12], Dagan and Cvetkovic [14], and Cvetkovic 
and Dagan [9] is extended to nonlinear biodegradation. This approach is 
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used to study the interaction between physical heterogeneity and nonlinear 
biodegradation. 
Finally, in the last chapter some general conclusions evolving from this 
thesis are stated. 
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10 1. INTRODUCTION 
CHAPTER 2 
Characteristic regimes for in-situ 
bioremediation of aquifers by injecting 
water containing an electron acceptor* 
H. Keijzer, S.E.A.T.M. van der Zee and A. Leijnse 
ABSTRACT 
A one-dimensional model is developed for simulating in-situ bioremediation. 
The modeled processes are advective and dispersive transport, biotransfor-
mation and microbial growth. The biodegradation of the contaminant is 
limited by the supply of electron acceptor or microbial mass. We distinguish 
three regimes of oxygen consumption, a low oxygen consumption regime, 
an intermediate regime and a fast oxygen consumption regime. Parameter 
variation reveals the influence of the dimensionless numbers on the duration 
of the three regimes. 
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INTRODUCTION 
Contamination of ground water and soil by organic contaminants is 
widespread, and is often due to oil, BTEX or gasoline spills at industrial 
sites [15]. In-situ bioremediation is one of the techniques to remove these 
organic pollutants from an aquifer because they may biodegrade in the 
presence of oxygen or other electron acceptors [7]. When electron accep-
tors are absent, their injection may enhance bioremediation. Guidelines are 
needed for choosing the best concentration and injection rates of electron 
acceptors and nutrients for in-situ bioremediation of ground water. Devel-
opment of such guidelines requires modeling, since due to the slow kinetics 
of the involved biological processes in-situ experiments are expensive and 
time consuming. Furthermore, permission to conduct in-situ experiments 
may not always be granted. 
An overview of different bioremediation models has been given by Bav-
eye and Valocchi [1], de Blanc et al. [2], and Sturman et al. [25]. Different 
bioremediation models distinguish themselves by the different assumptions 
made concerning e.g. the number of involved compounds, their mobility, 
whether mass transfer limitations are considered, and the used biodegra-
dation kinetics equations. Whereas Zysset et al. [30] and Corapcioglu and 
Kim [9] only consider a contaminant and microbial mass, Borden and Be-
dient [4] and Schafer and Kinzelbach [24] assume that the presence of an 
electron acceptor is needed for degradation. Therefore they account for 
a third compound: the electron acceptor. In aerobic conditions oxygen 
and in anaerobic conditions nitrate, sulfate or Fe(III) may be used as elec-
tron acceptor. Kinzelbach et al. [20] consider both aerobic and anaerobic 
conditions which involve different electron acceptors. The bioremediation 
model can be extended by taking degradation products into account which 
may also be degraded by micro-organisms [19], by considering different sub-
strates and different species of micro-organism [8], and by accounting for 
nutrient availability. 
Assuming that a biofilm is formed around soil particles. The microbial 
mass may be assumed to be immobile [8, 20, 24], whereas, Borden and Bedi-
ent [4] and Zysset et al. [30] consider a mobile microbial mass. Corapcioglu 
and Kim [9] consider mobile biocolloids to which the contaminant adsorbs 
which increases the mobility of the contaminant. In almost all models the 
electron acceptor is mobile and injected to enhance bioremediation. Often 
the contaminant is also mobile. 
The number of phases involved in transport and biochemical processes 
differ for different models. Borden and Bedient [4], and Schafer and Kinzel-
bach [24] only consider the liquid phase, in which biodegradation takes 
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place. To account for a biofilm a first order mass transfer between biofilm 
and liquid phase was assumed by Kinzelbach et al. [20], Chen et al. [8] and 
Dhawan et al. [11]. 
For the biodegradation kinetics different expressions were used. Kosson 
et al. [21] assume zero or first order biodegradation. Borden and Bedient [4], 
Zysset et al. [30] and Corapcioglu and Kim [9] consider Monod kinetics, but 
in the actual application of the model these expressions were approximated 
by first order kinetics [9, 30] or an instantaneous reaction is assumed [4]. 
Currently, mostly Monod kinetics is assumed [8, 20, 24]. 
In this paper we consider a formulation of the biodegradation process 
that is similar to that used by Borden and Bedient [4] and Schafer and 
Kinzelbach [24]. We disregard first order mass transfer between the mobile 
liquid and the contaminant in this first approach and consider this limita-
tion in the discussion. Furthermore, we do not account for transport of the 
contaminant. This approximation may hold physically if dissolution of cap-
illary trapped contaminant droplets or desorption of sorbed contaminant 
buffer the contaminant concentration throughout the domain. However, 
this assumption may be considered as critical as we will show in the dis-
cussion that it affects the phenomena significantly. Our intention is to 
reveal with numerical simulations that both the behavior and the effec-
tivity of bioremediation caused by injecting an electron acceptor changes 
significantly upon a change of physical and (bio)chemical parameters. 
M A T H E M A T I C A L FORMULATION 
For steady state flow, reactive solute transport in a porous medium can 
be described by the advection-dispersion equation 
dc 
— (x,t) = V - ( D - V c ( x , t ) ) - « ( x ) - V c ( x , t ) + iJc, x = ( x 1 , x 2 , x 3 ) , (2.1) 
where c is the solute concentration, D the dispersion tensor, v the velocity 
field and Rc the reaction term. This reaction term may include different 
processes like adsorption, decay and biodegradation. 
In this paper we consider a homogeneous porous medium and a steady 
state flow in horizontal (x\) direction. We assume that the microbial mass 
forms an immobile biofilm attached to the soil matrix. Furthermore, we 
assume that water flowing through a gasoline contaminated porous medium 
has removed all the mobile gasoline and hence, we consider the immobile 
capillary trapped gasoline fraction. The gasoline is biodegraded by micro 
organisms that consume both the electron acceptor, oxygen, and gasoline 
for their biosynthesis. The growth of the microbial mass is limited by 
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the supply of oxygen, gasoline or both, according to Monod kinetics. No 
natural decay of microbial mass is assumed and therefore no decrease of 
microbial mass occurs if neither oxygen nor gasoline are available. This 
does not effect the essence of our paper. 
Both the physical and biodegradation parameters, e.g. dispersivity, 
density of the solute, the stoichiometric coefficients and the half saturation 
constants, are constant in time and space. These assumptions lead to the 
following set of equations 
dc d2c dc DM 
~m = D-d^-v-^-mc-W> (2-2) 
dM
 ( C \ ( G \ „, ,„
 oN 
9G dM 
m = - " " - « •
 ( i 4 ) 
where C, M and G are the oxygen, microbial mass and gasoline concentra-
tions, respectively. The stoichiometric parameters mc and ma describe the 
ratios of oxygen and gasoline consumption rate, respectively, over microbial 
growth rate, fim is the maximum specific growth rate, and kc and kg are 
the dissolved oxygen and gasoline half saturation constants. 
Initially, at t = 0, we assume oxygen to be the limiting factor for 
biodegradation with initial concentration zero. The gasoline concentration 
is Go and constant in the domain and the microbial mass, Mo, is constant 
but small. At the inlet of the domain the oxygen concentration is constant 
by injecting water that is saturated with oxygen and at the outlet we assume 
a purely convective mass flux of oxygen. Hence, the initial and boundary 
conditions are 
C(0,t) = Co, (2.5) 
— (L,t) = 0, (2.6) 
C(x,0) = 0, M(x,0) = MQ, G(x,0) = Go. (2.7) 
We introduce dimensionless quantities [9, 17] 
x - vt 
V L 
— M - — 
Co Mmax GQ 
(2.8) 
c = £. a = ^ - . a = 1. 
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Kc =
 Co' KG = Go' L» = T' 
vL m c Mmax mG Mn 
r'e = -pr, Mc = ~ , MQ 
(2.8 cont.) 
L>' " C0 Go ' 
where the Peclet number Pe and the Damkohler number LM describe the 
ratio of convection to dispersion and the ratio of reaction rate to trans-
port rate respectively. Mmax is the maximum microbial mass which can 
be derived by integration of equation (2.3) with respect to time and sub-
stitution of boundary conditions (2.7), M(x, oo) = Mmax and G(x, oo) = 0 
(at infinite time the gasoline is consumed and the microbial mass is at its 
maximum), 
Mmax =<^- + M0. (2.9) 
mG 
Substitution of (2.8) in equations (2.2), (2.3), (2.4), (2.5), (2.6) and 
(2.7) and omitting the bars gives the dimensionless equations 
dC 1 d2C dC „, dM ,n,n. 
1H = Pe^-^~MclH> (2"10) 
with initial and boundary conditions 
C(0,t) = 1, 
^(L,t) = 0, (2.13) 
C(x,0) = 0, M(x,0) = M0/Mmax, G(x,0) = l. 
IMPLEMENTATION O F T H E MODEL 
Model pa ramete rs 
The dimensionless equations (2.10), (2.11) and (2.12) contain dimen-
sionless numbers that depend on physical and biochemical properties of 
the aquifer (i.e. dispersivity, velocity and respectively the stoichiometric 
coefficients, the half saturation constants, maximum growth rate). These 
properties may contain uncertainties because determination of these prop-
erties in the field can be rather inaccurate. The longitudinal dispersivity 
may vary over different orders of magnitude. This variation is due to av-
eraging for heterogeneous medium at different scales. Despite that 'local' 
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TABLE 2.2. The dimensionless numbers 
Dimensionless numbers Values 
Peclet number: Pe 
Damkohler number: LM 
Oxygen half saturation constant: Kc 
Carbon half saturation constant: KQ 
Stoichiometric coefficient for C and M: 
Stoichiometric coefficient for G and M: 
mixing effects (hydrodynamic dispersion) control transfer of solute to in-
terfaces where reactions occur, most numerical studies implicitly average 
at larger than 'local' scales [4, 20, 22, 24]. For this reason, we follow this 
convention and discuss appropriateness in the discussion. 
The numerical values of the physical properties, the biological parame-
ters and the initial and boundary conditions are chosen to be in agreement 
with Schafer and Kinzelbach [24], Borden and Bedient [4], Table 2.1. Using 
these parameters, we obtain the reference case values for the dimensionless 
numbers of Table 2.2. 
Numerical method 
The model equations are highly non-linear and an analytical solution 
is not available. We use a numerical method to solve the dimensionless 
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equations. The nonlinear system of equations is split into a partial dif-
ferential equation that involves the oxygen transport equation and which 
is solved with a Galerkin finite element method and into nonlinear differ-
ential equations involving the nonlinear biodegradation reactions, which 
are solved with a Euler implicit method. They are solved sequentially, 
using a Picard iteration to account for the nonlinearities. The obtained lin-
earized equations are solved by a preconditioned conjugate gradient solver 
for nonsymetric systems [26]. We prevent spurious oscillations and exces-
sive numerical dispersion in the solution of the equations by taking the 
discretisation in such a way that the grid Peclet number is much smaller 
than two and the Courant number is much smaller than one. 
The used Galerkin finite element method is rather standard [8, 22, 
30] in bioremediation modeling. The stability criteria for this method are 
strict and ascertain no numerical dispersion and oscillations. One of the 
disadvantages of this method is the small necessary grid size to fulfill the 
Peclet condition. As we consider a one-dimensional model the number of 
gridpoints is still reasonable, therefore, the numerical model is satisfactory. 
For a two- or three-dimensional model a scheme adopted to advection-
dominated transport may be preferable [17, 27]. 
To assess whether the numerical model correctly solves the governing 
equations we conducted a convergence analysis and a comparison between 
the numerical results and available analytical solutions. For the conver-
gence analysis, the grid and timestep were repeatedly refined and the nu-
merical results were compared until the agreement of the results were con-
sidered accurate. 
By choosing appropriate limiting values for certain parameters of the 
biodegradation model, we tested whether the full model agrees with cases 
for which analytical solutions are available. These cases were given by van 
Genuchten and Alves [16] for absence of biodegradation (their case A3), 
zeroth (B7) or first order kinetics (C7). 
For zero biodegradation, we take MQ very small. Zeroth order bio-
degradation implies a constant rate of oxygen consumption (i.e. indepen-
dent of oxygen, gasoline and microbial mass). Choosing the oxygen and 
gasoline half saturation constants small compared to the oxygen and gaso-
line concentrations, the oxygen consumption rate becomes independent of 
the oxygen and gasoline concentration in (2.10). Furthermore the microbial 
mass has to remain constant which is arranged by taking the Damkohler 
number very small. As this would imply that ^ - would be small, we in-
crease MQ as otherwise biodegradation is zero. The resulting zeroth order 
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biodegradation equation for oxygen is 
dC 1 d2C dC „„
 r w , „ , „ . 
For first order biodegradation, the oxygen reaction term depends lin-
early on the oxygen concentration. Hence we choose the oxygen half sat-
uration constant much larger than the injected oxygen concentration such 
that
 K +c ~ -§-. The other parameters are kept equal to the zero order 
degradation case, except for MQ which is increased such that biodegrada-
tion is significant. These parameter modifications result in the first order 
consumption and transport equation for oxygen 
at ~ pe dx* dx KC { ' 
The numerical results and analytical solutions are in good agreement, 
see Figure 2.1.a-c. The small difference in Figure 2.1.b, is caused by the 
small oxygen concentrations that render Kc to be of the same order of 
magnitude. Then the reaction term (2.14) becomes oxygen dependent and 
the assumption of zeroth order degradation is invalid. We conclude that 
the numerical model approximates the limiting cases well and that the 
equations are solved correctly. 
M O D E L RESULTS 
The simulation results using dimensionless numbers of Table 2.2 are 
provided in Figure 2.2, which shows the relative concentration fronts of 
oxygen, microbial mass and gasoline at different times. We observe for 
short times (until t = 0.06) a monotonous increase of oxygen concentration 
throughout the domain as a function of time. For larger times (t = 0.06 un-
til t — 0.11) the oxygen concentrations at small distances decrease, i.e. this 
concentration does not decrease monotonically with increasing distance. At 
still larger times, different front shapes are observed for oxygen, microbial 
mass and gasoline which moves with constant a velocity. 
These observations, which are also found by Murray and Xin (pers. 
comm., June 1997), lead us to consider three regimes of oxygen consump-
tion. We distinguish these regimes as a function of time on the basis of 
spatial moments of the oxygen concentration front. The kth spatial mo-
ment is given by 
roo 
Mk= xk f(x)dx (2.16) 
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FIGURE 2.1. Analytical (lines) and numerical (symbols) model 
solutions for different limiting cases at ii=0.01, t2=0-03. (a) No 
biodegradation. (b) Zeroth order biodegradation. (c) First order 
biodegradation. 
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0.5 
Dimensionless distance 
FIGURE 2.2. Relative oxygen (solid line), gasoline (dotted line) 
and microbial mass (dashed line) front for different times: 
*i=0.05, t2=0.09 and i3=1.0. 




(x - y)k f(x)dx, 
-oo 
(2.17) 
where /x is the first spatial moment (Mi). The oxygen front is related to 
the distribution function of traveled distance. Hence, the derivative of the 
oxygen concentration to x, is related to the probability density function 
f(x), Bosma and van der Zee [5], which is given by 
/ ( * ) = dC dx' (2.18) 







which denotes the averaged front position. The second central moment, 
/
OO QQ 
(x - Mrf—dx, (2.20) 
M2C 
describes the variance (or spreading) of the front. 
In the following we discuss the three oxygen consumption regimes sepa-
rately and we show that it is more convenient to recognize the three regimes 
using the spatial moments than the oxygen concentration distributions. 



















FIGURE 2.3. The first (Mi) and second central (M|) moment as 
a function of dimensionless time and regime I, II and III. 
Regime I 
We observe a front that moves with almost the same speed as the water 
velocity. This regime is characterized by a small biodegradation rate be-
cause the microbial mass that is still close to its initial value (Mo/Mmax), 
cannot consume the supplied oxygen (ii in Figure 2.2). 
The oxygen moves fast into the domain and the averaged front position, 
the first moment, increases during this regime. Also the front spreads out, 
hence the second central moment becomes larger (Figure 2.3). 
To investigate this in more detail we assume a constant small microbial 
mass and a constant large gasoline concentration, that are derived from the 
numerical results. This results in 
dC _ 1 d2C 




Kc + C) \KG + (G) 
(M), (2.21) 
where (.) is the constant average of the concentration in regime I. To ap-
proximate the last term on the right hand side with a first order term, we 
linearize the nonlinear oxygen dependent term
 K
C
+C as K ^,c>, where (C) 








KC + (C)J \KG + (G) 
(G) (M). (2.22) 
Comparing the analytical solution of the first order biodegradation equation 
(2.22) with the numerically obtained concentration fronts in this regime, 





FIGURE 2.4. Numerical (symbols) and analytical results (lines) 
in regime I at £i=0.01, t2=0.02, £3=0.04, and i4=0.05. 
we observe a close agreement (Figure 2.4) which indicates that this approx-
imation is appropriate. 
Regime II 
Between t = 0.06 and t = 0.11 an intermediate regime is observed where 
the Monod kinetics start to play a role. Especially for small distances a 
rapid growth of the microbial mass occurs, as is shown in Figure 2.2 (£2), 
and the oxygen consumption is large. For larger distances microbial growth 
is still slow and oxygen reduction is still small. Figure 2.2 shows it is possible 
to have a higher oxygen concentration at distances further in the domain 
than at distances near the inlet. 
We observe a decrease in the first moment because the higher consump-
tion of oxygen at small distances results in a decrease of the averaged front 
position. The front spreading, however, becomes larger because oxygen still 
spreads out to larger distances (Figure 2.3). 
During this regime the large amount of oxygen supplied in the first 
regime is consumed during the rapid microbial growth until the oxygen 
supply and oxygen consumption used for gasoline degradation balance. 
Regime III 
We observe a front that moves with a constant velocity and a front 
shape that appears to be unaffected as it moves through the domain (£3 
in Figure 2.2). The front velocity is retarded compared with the water 
velocity. 
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FIGURE 2.5. Relative oxygen concentration front in regime III 
only at h=0A, i2=0.8, t3=1.2, i4=1.6, t5=2.0, t6=2A, and 
t7=2.8. 
For the first moment we observe a linear increase as a function of time 
which is caused by the constant velocity of the front. The second central 
moment approaches a finite limiting value (Figure 2.3). The striking re-
semblance of the concentration fronts can be seen by plotting the front for 
more times, Figure 2.5. These observations are similar to those observed 
by Bosma and Van der Zee [5], Oya and Valocchi [23], and Murray and Xin 
(pers. comm., June 1997) for a traveling wave. 
A traveling wave connects the initial situation (large distance) with the 
final situation (small distance). An expression can be found for the traveling 
wave velocity based on mass balance considerations [12, 13, 14, 28]. The 
model equations (2.10) and (2.12) are transformed to a moving coordinate 
system given by 
rj = x~at (2.23) 












The boundary conditions are transformed too, which yield 
C(rj = - o o ) = 1, C(rj = oo) = 0, 
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Substituting (2.25) in (2.24), integrating with respect to r\ and substituting 
boundary conditions, we obtain for the traveling wave velocity 
where AC and AG are the differences between the final and initial condi-
tions for the oxygen and gasoline concentrations, respectively, which equal 
AC = 1 and AG = — 1. The traveling wave velocity neither depends on 
the initial condition for the microbial mass (Mo) nor on the oxygen and 
gasoline half saturation constants (Kc and KG)- With the expression for 
the traveling wave velocity (2.28) the oxygen and gasoline removal rate can 
easily be derived, Oya and Valocchi [23]. 
Due to the balance between oxygen supply and its consumption to de-
grade the gasoline no biodegradation kinetics need to be evaluated. The 
only reaction parameters necessary are the stoichiometric coefficients (Mc 
and MQ)- This instantaneous reaction approach is applicable if the travel-
ing wave regime starts. 
PARAMETER SENSITIVITY 
We varied the dimensionless numbers to explore their influence on the 
duration of the different regimes. The duration of these regimes is assessed 
from the development of the first spatial moment. In the first regime, 
the first moment increases and during the second regime the first moment 
decreases. During the third regime, the first moment increases linearly with 
increasing time when the traveling wave has fully developed and the second 
central moment converge to a constant. The end of the first and second 
regime are denoted by tj and tu. 
The time level tj is defined as the time for which the first moment 
has a local maximum, and tjj is defined as the time for which the first 
moment has a local minimum. The local maximum and minimum value 
of the first moment, respectively Mijmax and M i m , n , have to be related 
to the duration of the first two regimes. Because, if the first and second 
regime last longer, the oxygen concentration front reaches larger distances 
during these regimes. Hence, the averaged front position (first moment) 
increases and thus the local maximum and minimum increases. Therefore, 
we expect a positive correlation between tj, tu and MitTnax, MiiTnj„. 
In view of uncertainties in the physical and biochemical properties in 
the field, the dimensionless numbers are varied over two orders of magnitude 
[22], where for each simulation only one of the dimensionless numbers is 
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varied. We compare the results with the results of the reference case (case 
ref, Table 2.3). A summary is given below. 
The Peclet number relates advection with dispersion. Increasing the 
Peclet number (case a, Table 2.3) implies relatively less dispersion compared 
with advection and so, more oxygen is injected in time, whereas the oxygen 
consumption rate does not change. As a result the first two regimes will 
last longer. Because time is scaled with both the length of the domain and 
velocity this is also the case for tj and tu. Therefore, the Peclet number 
has no influence on ti and tu. This behavior in shown in Figure 2.6.a. 
The Damkohler number relates the reaction rate with the transport 
rate of oxygen. If the Damkohler number increases (case b, Table 2.3) the 
reaction is faster compared with transport. This results in both a faster 
growth of microbial mass and a higher consumption of oxygen. Hence, £/ 
and tjj should decrease, and Figure 2.6.b confirms that this is the case. A 
closer inspection of the numerical results reveals 
*/ = £ = -£- (2.29) 
*// = f = ^ (2-30) 
i.e., the Damkohler number is inversely proportional to tj and tu (Figure 
2.7). 
The dimensionless numbers KQ and KG relate the dissolved oxygen and 
gasoline half saturation constants with the boundary condition of oxygen 
and the initial condition of gasoline. Both numbers occur similarly in the 
microbial mass equation (2.11). Therefore, they should have a similar effect 
on the duration of the first two regimes. If Kc or KG increases (case c or 
d, Table 2.3) the Monod terms decrease, which results in a decrease of the 
growth rate of microbial mass and the consumption rate of oxygen. Thus 
ti and tu increase if Kc or KQ increases. Figure 2.6.c and 2.6.d confirm 
this behavior. Approximately we observe linear relations between Kc or 
KQ and tj and tu (Figure 2.7). 
Mc gives the ratio between consumed oxygen and the formed microbial 
mass, and occurs only in the oxygen concentration equation (2.10). If Mc 
increases (case e, Table 2.3) more oxygen is necessary for the growth of the 
microbial mass, and oxygen decreases faster in the first two regimes. This 
results in a decrease of ti and tu as is shown in Figure 2.6.e. 
The dimensionless number MQ, which relates the consumed gasoline to 
the newly formed micro-organism, was not varied because it is impossible 
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TABLE 2.3. Dimensionless numbers and characteristic time ti 
and tij. Pe is varied for cases a, L^ for cases b, Kc for cases 





























































































































































































































































































FIGURE 2.6. Influence of parameter variation on £/ and tu. (a) 
Peclet number, (b) Damkohler number, (c) Oxygen half satura-
tion constant. 
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FIGURE 2.6. (Continued.) (d) Gasoline half saturation constant. 
(e) Stoichiometric coefficient, (f) Initial microbial mass. 
to vary one of the underlying variables in MQ without changing Mc, as 
Mmax implicitly depends on mc and GQ. 
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FIGURE 2.7. Dependence of tj (a) and tjj (b) on the dimension-
less numbers, which are normalized with respect to the reference 
case, for example Pe„ = Pe/Peref. 
The effect of the initial background value of the microbial mass Mo was 
assessed by varying Mo. If Mo increases (case f, Table 2.3), immediately 
more oxygen is consumed and the microbial mass reaches its maximum 
value sooner. Therefore, the duration of the first two regimes shortens and 
tj and tjj decrease, as shown in Figure 2.6.f. 
The parameter variation reveals that ti and tjj are influenced by the 
dimensionless numbers. This influence follows from the definition of these 
numbers and the model equations (2.10), (2.11) and (2.12). Figure 2.7 
shows both ti and tjj as a function of the dimensionless numbers, which 
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are normalized with respect to the reference case. Using Figure 2.7, we 
conclude that for small values of KQ or KQ and for large values of L^ or 
Mo, ti and tu are small. Therefore, the third regime will dominate. If on 
the other hand Kc or KQ are large or L^ or Mo are small, the first regime 
will dominate. 
Furthermore, parameter variation reveals that the expected positive 
correlation between the duration of the first two regimes and the local 
maximum and minimum value of the first moment holds, Figure 2.6.b-2.6.f. 
CONCLUSIONS AND DISCUSSION 
We considered biodegradation of gasoline in a one-dimensional homo-
geneous porous medium as the result of injection of water that contains an 
electron acceptor such as oxygen. Biodegradation is described by Monod 
kinetics where the growth of microbial mass is limited by either the oxygen 
or gasoline concentration. We assumed that both gasoline and microbial 
mass are immobile and that the oxygen is mobile. 
The numerical results of our model reveal three regimes of oxygen con-
sumption, each of which is characterized by different dominating processes. 
The first regime is characterized by a supply of oxygen that is larger than 
the consumption rate of oxygen by microbial mass. In the following inter-
mediate regime the biodegradation rate becomes of the similar magnitude 
as the oxygen injection rate and the degradation rate is strongly position 
dependent. In the third regime the injection and consumption rates of oxy-
gen are almost equal, and the oxygen, gasoline and microbial mass fronts 
move with a constant velocity and fixed front shapes through the domain. 
These phenomena resemble a traveling wave, whose velocity we derived. 
It is useful to assess whether or not the first or third regime dominates 
the numerical results. If the first regime dominates, we can simulate the re-
sults by first order kinetics. On the other hand, if the traveling wave regime 
is dominant, a balance between the oxygen supply and its consumption de-
velops and we can consider an instantaneous reaction between oxygen and 
gasoline. This reaction does not depend on the biodegradation kinetics, and 
so, only the stoichiometric coefficients are needed. The modeling of bio-
transformation either by first order kinetics or by instantaneous reactions 
is attractive, because in the first situation an analytical solution is found 
and in the second situation only two instead of three equation have to be 
solved. Therefore more understanding of the circumstances under which 
the first order kinetics or instantaneous reaction approach is applicable is 
useful. 
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We defined two time levels, one for which the first regime ends (£/) and 
one for which the traveling wave regime starts (£//)• Although the traveling 
wave is not yet developed at tji we assume that the instantaneous reaction 
approach is valid at tjj. By parameter variation we gained insight in the 
influence of the dimensionless numbers on ti and tjj. It showed that the 
effects of these numbers follow from the definition of these numbers and 
the model equations. 
For some limiting situations only the first or the third regime will de-
velop. For example, if the Damkohler number is large, the biodegradation 
reaction will be fast and an instantaneous reaction may be assumed [4]. 
Figure 2.6.b shows that this assumption is applicable for large Damkohler 
numbers because almost no first and second regime develops. In case the 
gasoline concentration is much smaller than the gasoline half saturation 
constant (G <C KG), the substrate is limiting the biodegradation [8, 23, 30] 
and only a small part of oxygen is consumed. Therefore the first regime 
will last and the third regime will not develop, which is also found by Oya 
and Valocchi [23]. The first order degradation approach is applicable in 
this situation. 
We studied a simplified model, in specific cases some of the simpli-
fications are questionable and we will discuss the influence if these sim-
plifications were not made. In the analysis, we neglected to account for 
mass transfer limitations of the electron acceptor, oxygen, to reach the lo-
cation where the contaminant and microbial mass reside and where the 
(bio)chemical degradation occurs. In most realistic porous media, this sim-
plification is not appropriate. However, an extensive literature exists that 
describes the effect of first order mass transfer for homogeneous flow do-
mains [29]. Except for a small ratio of travel distance over the scale of 
dispersive mixing, the effect of first order mass transfer can usually be rep-
resented as additional 'dispersion'. This was also shown to hold for the 
cases of nonlinear adsorption that lead to traveling waves [28]. Hence, ac-
counting for first order mass transfer is likely to increase the duration of 
the regimes before a constant front of electron acceptor (in terms of first 
and second moment) develops as well as the final front thickness, but it 
does not affect the existence of the three regimes defined in this paper. 
In our model we assumed an immobile contaminant. Our assumption 
may be considered critical if the retardation of the contaminant is small 
or if the low soluble contaminant is not capillary trapped. Oya and Val-
occhi [23] considered a mobile contaminant that adsorbs to the soil, they 
concentrated their study on the developed traveling wave. Extra effects 
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are recognized in the distribution of the electron acceptor and the contam-
inant, i.e. oscillations in the traveling wave velocity. These oscillations are 
due to the interaction between advective mixing enhanced by sorption of 
the substrate and biodegradation. It does not influence the existence of 
the three regimes as Oya and Valocch [23] also recognized an initial stage 
(regime II) during which the microbial mass drastically increases. 
We also considered dispersivities that are much larger than would nor-
mally be in agreement with the local pore scale mixing that controls the 
likeliness of electron acceptor to reach the contaminant and microbial mass. 
For fine to coarse sand aquifers, dispersivities of 0.2-2 /im would be more 
appropriate [3]. Mass transfer limitations and physical heterogeneity at 
different scales lead to larger 'effective' dispersivities [10]. As almost all 
cited papers on in-situ bioremediation modeling on field scale use the large 
lumped 'effective' dispersivities, our results show relevant effects for such 
conventional modeling. For physical relevance, larger scale mixing should 
be represented by e.g. random conductivity field effects rather than addi-
tional diffusion. We did not explore this numerically, as if regime I dom-
inates we expect similar effects as found by Kabala and Sposito [18]. If 
regime III dominates, results as found by Bosma and Van der Zee [6] may 
apply for continuous injection, and we concentrate on this situation. They 
considered nonlinear adsorption leading to local front steepening effects 
that are similar to ours, for the traveling wave regime. Furthermore, they 
considered chemical or physical heterogeneity. Hence, their results are ap-
plicable to the currently investigated situation. We mention their main 
conclusions. The combination of interactions that lead to a traveling wave 
in a homogeneous domain with physical or chemical random heterogeneity 
affect the averaged front variance (second central moment). If the hetero-
geneity scale is small (i.e., large ratio of transversal local dispersivity over 
integral scale), nonlinear interactions dominate and the front variance goes 
to a maximum as for a traveling wave. If the heterogeneity scale is large 
(the above ratio is small), the averaged front variance may increase linearly 
in agreement with Dagan [10]. Furthermore, a larger variability favors 
dominance of heterogeneity effects over nonlinearity of interactions. For 
most aquifers, we would expect the heterogeneity to dominate over nonlin-
ear interactions effects, i.e., no stabilization of the averaged front variance 
for our initial and boundary conditions. Hence, we advise caution with 
regard to incorporating larger scale effects into an effective dispersivity for 
computational efficiency and speed. 
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(Dimensionless) concentration electron acceptor [mg 1_1] 
Feed concentration electron acceptor [mg 1_1] 
Dispersion coefficient [m2 day -1] 
Damkohler number [1] 
(Diml.) concentration organic contaminant [mg 1_1] 
Initial concentration organic contaminant [mg 1_1] 
(Diml.) electron acceptor half saturation constant [mg 1_1] 
(Diml.) contaminant half saturation constant [mg 1_1] 
Length of domain [m] 
(Dimensionless) concentration microbial mass [mg 1_1] 
Initial concentration microbial mass [mg 1_1] 
Maximal concentration microbial mass [mg 1_1] 
(Dimensionless) stoichiometric coefficient [mg mg - 1] 
(Dimensionless) stoichiometric coefficient [mg mg - 1] 
Kth spatial moment 
Kth central moment 
local maximum of first moment 
local minimum of first moment 
Peclet number [1] 
Reaction term 
(Dimensionless) time [day] 
Local maximum of first spatial moment [1] 
Local minimum of first spatial moment [1] 
Interstitial velocity [m day -1] 
(Dimensionless) length [m] 
Traveling wave velocity [m day - 1] 
Moving coordinate 
First spatial moment 
Maximum specific growth rate [day-1] 
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CHAPTER 3 
Analytical approximation to characterize 
the performance of in-situ aquifer 
bior emediat ion* 
H. Keijzer, M.I.J, van Dijke and S.E.A.T.M. van der Zee 
ABSTRACT 
The performance of in-situ bioremediation to remove organic contaminants 
from contaminated aquifers depends on the physical and biochemical pa-
rameters. We characterize the performance by the contaminant removal 
rate and the region where biodegradation occurs, the biologically active 
zone (BAZ). The numerical fronts obtained by one-dimensional in-situ 
bioremediation modeling reveal a traveling wave behavior: fronts of mi-
crobial mass, organic contaminant and electron acceptor move with a con-
stant velocity and constant front shape through the domain. Hence, only 
one front shape and a linear relation between the front position and time 
is found for each of the three compounds. We derive analytical approxima-
tions for the traveling wave front shape and front position that agree per-
fectly with the traveling wave behavior resulting from the bioremediation 
model. Using these analytical approximations, we determine the contam-
inant removal rate and the BAZ. Furthermore, we assess the influence of 
the physical and biochemical parameters on the performance of the in-situ 
bioremediation technique. 
•Advances in Water Resources 1999, 23, 217-228 
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INTRODUCTION 
One of the approaches to remove organic contaminants from the aquifer 
is in-situ bioremediation. This approach is applicable if micro-organisms 
are present in the subsoil that can degrade organic contaminants with the 
help of an electron acceptor. If the micro-organisms aerobically degrade the 
organic contaminant, oxygen may act as an electron acceptor. At smaller 
redoxpotentials, other compounds (e.g. nitrate, Fe(III), or sulfate) may 
serve as the electron acceptor [20]. Provided that an electron acceptor is 
sufficiently available, the micro-organism population may grow during the 
consumption of organic contaminant. Hence, injection of a dissolved elec-
tron acceptor in a reduced environment may enhance the biodegradation 
rate. 
In this study we use two factors to characterize the performance of 
bioremediation: the overall contaminant removal rate and the region where 
biodegradation occurs, the biologically active zone (BAZ) of the aquifer 
[15, 16]. The contaminant removal rate describes how fast the contaminant 
is removed from an aquifer. It is an based on the averaged front posi-
tion. The BAZ, which we base on the front shape of the electron acceptor, 
describes the transition of contaminant concentration from the remediated 
part to the contaminated part of the aquifer. If a small BAZ develops there 
is a clear distinction between the part of the aquifer that is still contami-
nated and the part that has already been remediated. If the BAZ is large, 
electron acceptor may already reach an extraction well while there is still 
a large amount of contaminant available. This indicates a less efficient use 
of injected electron acceptor. 
The contaminant removal rate and the BAZ are affected by the physical 
and biochemical parameters of the soil. Insight in these effects is impor-
tant for determining the performance of the in-situ bioremediation tech-
nique. Numerical models or analytical solutions can be used to determine 
the effects of the different parameters. Several researchers have developed 
numerical models that include transport and biodegradation. These models 
are used to simulate laboratory [5, 6, 25] or field [3, 13, 19] experiments or to 
gain better understanding of the underlying processes [11, 12, 15, 16]. The 
models differ with respect to assumptions made concerning, e.g. the num-
ber of involved compounds, the biodegradation kinetics, and the mobility 
of the compounds. A detailed overview of various numerical bioremediation 
models is given by Baveye and Valocchi [1] and Sturman et al. [21]. 
Moreover, Oya and Valocchi [15, 16] and Xin and Zhang [24] have stud-
ied in-situ bioremediation analytically. Oya and Valocchi [15, 16] present 
an analytical expression for the long-term degradation rate of the organic 
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pollutant, derived from a simplified conceptual bioremediation model. Xin 
and Zhang [24] derive (semi-)analytical solutions for the contaminant and 
electron acceptor front shapes, using a two component model. This two 
component model results from the model used by Oya and Valocchi by ne-
glecting dispersion and setting the biomass kinetics to equilibrium. In our 
study we derive analytical approximations for the contaminant and electron 
acceptor front shapes for another simplified model. We also use the model 
of Oya and Valocchi and consider an immobile contaminant and a specific 
growth rate which is significantly larger than the decay rate. Our special 
interest goes to the influence of the physical and biochemical properties of 
the soil on the performance of the in-situ remediation. We use the analyti-
cal approximations of the front shapes to show in more detail how various 
model parameters affect the contaminant removal rate and the BAZ. 
M A T H E M A T I C A L FORMULATION 
We consider the same one-dimensional bioremediation model as Keijzer 
et al. [11]. A saturated and homogeneous aquifer with steady state flow 
is assumed. The model includes three mass balance equations, one for the 
electron acceptor c, one for the organic contaminant g, and one for the 
microbial mass m. Several simplifying assumptions are made. We con-
sider a mobile and non-adsorbing electron acceptor, e.g. oxygen or nitrate. 
The electron acceptor is injected to enhance biodegradation [3, 15, 16, 24]. 
Although the contaminant is often considered mobile [3, 15, 16, 24] we 
assume an immobile contaminant. This assumption reflects the situation 
where a contaminant is present at residual saturation, furthermore, the 
contaminant has a low solubility. We consider the effect of this assumption 
on the contaminant removal rate in the discussion and compare our find-
ings with Oya and Valocchi [15] who have considered a mobile and linear-
adsorbing contaminant. Moreover, we consider an immobile microbial mass 
that forms biofilms around the soil particles [5, 9, 13]. The micro-organisms 
are assumed to utilize the residual contaminant for their metabolism. The 
microbial growth is modeled by Monod kinetics [14, 15, 16, 24], the micro-
organisms grow until the contaminant or electron acceptor is completely 
consumed. Furthermore, we neglect the decay of micro-organisms, assum-
ing that the specific growth rate is significantly larger than the decay rate. 
Because of this assumption, we might obtain a large maximum microbial 
mass when the initial contaminant concentration is large. 
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where D denotes the dispersion coefficient and v the effective velocity. The 
parameters in equation (3.2) are the maximum specific growth rate, /xm, 
and the dissolved electron acceptor and organic contaminant half saturation 
constants, kc and kg. The stoichiometric parameters mc and mg in these 
equations describe, respectively, the ratios of consumed electron acceptor 
and organic contaminant to newly formed micro-organism. 
Initially, at t = 0, we consider a constant contaminant concentration, 
go, and a constant, small microbial mass, mo, in the domain. We assume the 
electron acceptor concentration to be the limiting factor for biodegradation 
which is initially equal to zero. At the inlet of the domain a prescribed mass 
flux of the electron acceptor is imposed and at the outlet (x = L) we assume 
a purely advective mass flux of electron acceptor. Hence, the initial and 
boundary conditions are 
-D— + VC = VCQ 
ox 
for t > 0 at x = 0, 
dc 
= 0 
c = 0, 
dx 
m = mo, 9o 
for 
for 
* > 0 




We introduce dimensionless quantities [6, 10, 11] 
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where Pe is the Peclet and LM is the Damkohler number, which describe 
the ratios of advection rate over dispersion rate and of reaction rate over 
advection rate, respectively. Here mm a x is the maximum microbial mass, 
which is found by integration of equation (3.3) with respect to time and 
substitution of boundary conditions: 
mm a x = h m0. (3.8) 
mg 
Substitution of (3.7) in the equations (3.1)-(3.3) yields the dimension-
less equations 
dC 1 d2C dC _ dM 
dT Pe0X2 OX Mc 3 T ' (3"9) 
The dimensionless boundary conditions become 
1 BC 
- — — + C = 1 for T > 0 at X = 0, (3.12) 
Fe oX 
dC 
—- = 0 for T > 0 at 1 = 1, (3.13) 
oX 
C = 0, M = ^ 5 _ , G=l for X>0 at T = 0. (3.14) 
The coupled system of non-linear partial differential equations (3.9)-(3.11) 
is solved numerically by Keijzer et al. [11]. The numerical results re-
vealed three different time regimes of contaminant consumption. In the 
third regime, the biodegradation rate is maximal and opposes the dispersive 
spreading, hence a traveling wave behavior occurs: the fronts of the elec-
tron acceptor, the micro-organisms and the organic contaminant approach 
a constant velocity and fixed shapes while moving through the domain (Fig-
ure 3.1). Although the contaminant and the microbial mass are immobile, 
the fronts of these compounds show a traveling wave behavior because dur-
ing the movement of electron acceptor, the micro-organisms consume the 
contaminant and electron acceptor and use them for their growth. 
T R A V E L I N G WAVE SOLUTION 
For a traveling wave behavior, analytical solutions may be derived [2, 
17, 22, 23]. The traveling wave solution describes the limiting behavior 





FIGURE 3.1. Relative concentration fronts for electron acceptor 
(solid line), contaminant (dashed line) and microbial mass (dotted 
line) at different observation times, obtained by the numerical 
model. 
for infinite time and displacement. Keijzer et al. [11] showed that for 
large L^, small KQ or small KQ already after a short displacement of time 
a traveling wave behavior develops. To obtain a traveling wave solution 
the model equations are transformed to a moving coordinate system, with 
traveling coordinate 77, given by 
rj = X -aT, (3.15) 
with a the dimensionless traveling wave velocity. An analytical solution 
for the limiting front velocity follows from mass balance considerations 
[15, 22, 23], yielding for the present model [11] 
a= 1 
McAG 
M G A C 
(3.16) 
where AC — 1 and A G = — 1 are the differences between the final and 
initial conditions for the electron acceptor and contaminant, respectively. 
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Traveling wave front shape 
Transformation of equations (3.9)-(3.11) to the moving coordinate sys-
tem yields 
f = -Ma^. (3.19) 
Assuming that the traveling wave solution is already a good approximation 
after a relatively short time, we impose the following boundary conditions 
for the transformed problem [15] 
C(rj) = 1, M(r)) = 1, G(rj) = 0, at 77 = -oo, (3.20) 
C(ri) = 0, M(77) = - ^ _ , G(T,) = 1, at 77 = 00, (3.21) 
where the boundary condition for C(r) = —00) is a reduction of the flux 
condition (3.12). It follows that, besides the above conditions, the following 
conditions also hold 
dC dM
 n dG n , 0 0 0 , 
— = 0, - r - = 0 , -^- = 0, at 77 = -00,00. (3.22) dr\ at] dr\ 
Rather than solving the system (3.17)-(3.19), we rewrite the system 
using the definition 
An 
W(C) = ~ . (3.23) 
dr\ 
We obtain the following single order differential equation for w(C), see 
Appendix A 
dw
 t> n \ 
dc = - W - * ) 
with 0 < C < 1 and 
w 
G Pe(l - a) 
Furthermore, boundary condition (3.22) yields 
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We integrate equation (3.24) numerically using a fourth-order Runge-Kutta 
method where the value of w'(0) is found analytically by taking the limit 
of (3.24) for C -> 0 (G -> 1) using equation (3.25) and l'Hopital's rule 
w'(C = 0) = -^(l-a) 
+ ^ ( P . ( l - a)? + 4P.<1 - a ) ( ^ ) ( - L _ ) ( l - ^ ) ( ^ ) . 
(3.27) 
With the resulting solution for w(C) we find the front shape C(rj) by nu-
merical integration of relation (3.23) from a reference point r\ — r)r, where 
we choose arbitrarily C = 0.5 
7]-rlr = - / ——rdC for 0 < C < 1. (3.28) 
Jo.5 to(C') 
The front shapes for G{rf) and M(r]) are found from (3.28), using equation 
(3.25) and (Al), respectively. 
Traveling wave front position 
The front shape is given with respect to an arbitrary reference point, 
see equation (3.28). We determine this point according to mass balance 
considerations. Assuming a large domain to prevent the electron acceptor 
from reaching the outlet, the total amount of electron acceptor injected into 
the domain, C{nj, is equal to the amount of electron acceptor still present in 
the domain, Cpres, plus the amount of electron acceptor consumed by the 
micro-organisms to biodegrade the contaminant, Ccons- The mass balance 
equation for C is 
^ i n j — ^ p r e s i (-'cons- \o.Z\i) 
In Appendix B, we derive expressions for these quantities, using the dimen-
sionless equation (3.9)-(3.11) and boundary conditions (3.12)-(3.13) for the 
original coordinate system. 
If we combine equations (Bl), (B2) and (B4), equation (3.29) becomes 
fx* Mr fx* 
T*= C(X,T*)dX + - ^ (l-G(X,T*))dX (3.30) 
Jo MQ JO 
with X* the only unknown. To determine X*, we use the traveling wave 
solutions for C and G, denoted by CTW and GTW respectively, as derived 
in section 3.1. We define rj* = X* — aT*, such that CTW(V*) ~ ei a n d 
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77* — —aT*. Hence, solving equation (3.30) for X* is equivalent to finding 
rf — rj* from 
T* = P CTW(V) dri + ^ f- r ( 1 - GTW{<n)) dr,. (3.31) 
To achieve this, we use equation (3.28) to write r\r in terms of j]*, 
V*~Vr = - f -L-JC. (3.32) 
Jl/2 W(C) 
When X* is found, r]r follows from (3.32) by the definition of rf = X*-aT*, 
which determines CTW completely. 
A P P L I C A B I L I T Y O F T H E ANALYTICAL APPROXIMATION 
We derived a traveling wave solution for the biodegradation equations. 
To show that the traveling wave solution provides a good approximation of 
the front shape and front position, we carry out a number of numerical sim-
ulations and compare the results with the analytical approximations. We 
apply the numerical method described by Keijzer et al. [11]. An operator-
splitting method is applied. The transport part of the equations is solved 
with a Galerkin finite element method, whereas, the biodegradation reac-
tion part is solved with an implicit Euler method. The two parts are solved 
using a Picard iteration. 
For all simulations the following physical and biochemical parame-
ters are kept constant, the numerical values are chosen in agreement with 
Schafer and Kinzelbach [18] and Borden and Bedient [3]. The porosity and 
velocity are n = 0.4 and v = 0.1 m/day, respectively, and the length of 
the domain is L = 10 m. The initial available contaminant and microbial 
mass are go = 4.5 mg/1 and mo = 0.001 mg/1, respectively. We consider a 
relatively small initial contaminant concentration that results in a realistic 
maximal microbial mass. The imposed mass flux of electron acceptor at the 
inlet is VCQ with CQ = 5.0 mg/1. We choose the discretization and time step 
such that the grid Peclet and Courant conditions are fulfilled to avoid nu-
merical dispersion and numerical instabilities. This results in Ax = 0.025 
m and At = 0.05 day. 
For the reference case (ref), the values of the dimensionless numbers 
are given in Table 3.1. The dimensionless numbers are obtained by using 
the following values for the remaining physical and biochemical parameters, 
i.e. / im = 1 day - 1 , mc = 30, mg = 10, kc = 0.2 mg/1, kg = 2.0 mg/1 and 
ai = 0 . 5 m, respectively. The value of ai may be to large to account for 
local mixing effects only but we use this value for the purpose of illustration. 
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TABLE 3.1. Dimensionless numbers and specific time (T*) that 
were used to calculate the first and second central moment (Mi 
and M| ) analytically (a) and numerically (n). Pe is varied for 
cases a, L^ for cases b, KQ for cases c, KG for cases d, Mc for 
cases e, and MQ for cases f. 
Pe £„ Kc Kg Mc MG T* Mln Mjn Mla Mc2a 
ref 20 100 0.04 0.4 2.7 1.0022 2.5 0.624 0.0048 0.624 0.0047 
al 10 - - - - 0.577 0.016 0.577 0.016 
a2 100 - - - - 0.664 0.0003 0.663 0.0003 
bl - 50 - - 0.623 0.0051 0.622 0.0049 
b2 - 200 - - - 0.624 0.0047 0.624 0.0044 
cl - - 0.004 - - 0.624 0.0046 0.624 0.0045 
c2 - - 0.2 - - - - 0.623 0.0054 0.623 0.0056 
dl - - - 0.04 - - - 0.624 0.0047 0.624 0.0047 
d2 - - - 4.0 - - - 0.622 0.0061 0.623 0.0061 
el - - 1.35 - 2.0 0.798 0.0077 0.800 0.0077 
e2 - - - - 27.0 - 6.0 0.167 0.0019 0.167 0.0019 
fl - - - - - 1.022 - 0.633 0.0048 0.633 0.0047 
f2 - - - - - 1.22 - 0.725 0.0052 0.727 0.0051 
Variation of one of the remaining physical or biochemical parameters results 
in a variation of one of the dimensionless numbers. The semi-analytical and 
numerical results are shown in dimensionless form. 
We compare the semi-analytical and numerical results in two alterna-
tives ways. First, we compare the obtained fronts for the electron acceptor, 
contaminant and microbial mass, as is done in Figure 3.2 for the reference 
case. We conclude that the semi-analytical fronts approximate the numeri-
cal fronts almost perfectly. Secondly, we can compare the spatial moments 
of the semi-analytically and numerically obtained fronts for the original 
coordinate system. Calculating the spatial moments, we only consider the 
electron acceptor front as the contaminant and microbial mass are functions 
of C and w, see respectively equation (3.25) and (Al) . The first moment 
of the electron acceptor front describes the average front position [4, 11] 
Mi = j X—dX. (3.33) 
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FIGURE 3.2. Relative concentration fronts resulting from analyt-
ical and numerical model. Semi-analytical and numerical front 
for electron acceptor: solid line and x, contaminant: dotted line 
and *, and microbial mass: dashed line and +. 




M ^ X , (3.34) 
describes the spreading (or variance) of the front. For both the semi-
analytical and numerical fronts these moments can be derived numerically 
with the trapezoidal rule. The first and second central moment for semi-
analytical (ana) and numerical (num) fronts are given in Table 3.1, at 
specific time T*. Table 3.1 shows good agreement between the first and 
second central moments of the semi-analytical and numerical results for 
the different cases. We conclude that the traveling wave solution is valid 
for every value of the different dimensionless numbers, but only applicable 
to aquifers if the length of the aquifer is long enough [11, 15, 16]. 
P A R A M E T E R SENSITIVITY 
In section 3, we have derived a traveling wave solution that describes 
the averaged front position and the front shape. Using this solution, we 
assess the effect of the dimensionless numbers in terms of the averaged front 
position and the spreading of the front. In view of uncertainties in the 
physical and biochemical properties in field situations, the dimensionless 
numbers are varied over a wide range of values. In Figure 3.3, we show 
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FIGURE 3.3. Dependence of the first moment on the dimension-
less numbers, which are normalized with respect to the reference 
case, for example, Pe^n = Pe/Pe^r. 
the first moment as a function of the dimensionless numbers which are 
normalized with respect to the reference case (subscript r ) : 
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Observe that the Damkohler number, LM, and the two relative half satura-
tion constants, KG and KG, barely affect the first moment, whereas the two 
relative stoichiometric coefficients, MG and MG, and the Peclet number, Pe, 
affect the first moment significantly. Because the traveling wave velocity 
depends on the stoichiometry [11, 15, 16], decreasing MG or increasing MG 
results in a larger traveling wave velocity. Hence, the front intrudes faster 
into the domain and the first moment grows faster with time. Although 
Pe is not part of equation (3.16) it affects the first moment because of the 
influx boundary condition (3.12). 
In Figure 3.4, we present the second central moment as a function of 
the normalized dimensionless numbers (3.35). Increasing Pe, LM or MG 
results in a smaller second central moment, whereas increasing KG, KG or 
MG results in a larger second central moment. Increasing Pe implies less 
dispersion, which results in a steeper electron acceptor front and therefore 
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FIGURE 3.4. Dependence of the second central moment on the 
dimensionless numbers, which are normalized with respect to the 
reference case, for example, Pe,n = Pe/Pe,r-
a smaller second central moment. A steeper electron acceptor front also 
occurs when the microbial growth rate increases. This is indicated by 
larger LM values, see equation (3.10). Larger Kc or KG, on the contrary, 
induce a smaller microbial growth rate and therefore a less steep electron 
acceptor front. Furthermore, increasing MQ results in a higher electron 
acceptor consumption which causes a steeper electron acceptor front, while 
increasing MQ results in a smaller electron acceptor consumption during 
the biodegradation of the contaminant, i.e., the electron acceptor front will 
flatten. 
RESULTS AND DISCUSSION 
We characterize the performance of in-situ bioremediation by the over-
all contaminant removal rate and the BAZ. We obtain the contaminant 
removal rate by the same approach as Oya and Valocchi [15, 16]. The di-
mensionless cumulative contaminant removal MRQ, for a finite domain, is 
given by 
fL* 
MRG = n(L*- / GdX), (3.36) 
Jo 
with n the porosity and L* the length of the aquifer. The first term on the 
right-hand side is the total contaminant initially available and the second 
term is the total contaminant left in the domain. The other term in equation 
(24) of Oya and Valocchi [15] describes the amount of contaminant flowing 
out of the outlet. This term is omitted because there is no outflow of 
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contaminant at the outlet in our case. The complete term on the right-
hand side is defined as the averaged front position of the contaminant [15]. 
We assume that the traveling wave has developed, the electron acceptor and 
contaminant front move with the same traveling wave velocity through the 
domain, thus d(L* — J0 GdX)/dT = a. This leads to the dimensionless 
contaminant removal rate 




 ~1¥~ = n a = n , , MC- (3 '3?) 
The dimensionless contaminant removal rate is proportional to the dimen-
sionless traveling wave velocity and does not depend on L^, Pe, KQ and 
KG, see equation (3.16). This result is also found by Oya and Valocchi 
[15, 16] and Borden and Bedient [3]. Using the same approach as above, 
we obtain the dimensional removal rate 
rg = RGvgo, (3.38) 
which is linearly related to the flow velocity. 
We determine the BAZ using the electron acceptor front shape. Al-
though the second central moment describes the overall spreading of the 
electron acceptor front, it is important whether the entire front or only the 
part where biodegradation occurs spreads out. Figure 3.2, for example, 
shows that the electron acceptor front spreads mostly out to the left, but 
that the steep contaminant and microbial mass fronts are situated in a nar-
row region around the toe of the electron acceptor front. In this situation, 
the part of the electron acceptor front that is affected by the contaminant 
and microbial mass is small. If the contaminant front is less steep, a wider 
region of the electron acceptor front is affected. In this case it is possible 
that the electron acceptor reaches an extraction well, although still a large 
amount of contaminant is present in the aquifer. 
To determine the influence of the different parameters on the BAZ, we 
divide the electron acceptor front in two parts. A part where the con-
taminant and micro-organism fronts are located, see Figure 3.2, which is 
dominated by biodegradation, and a part with virtually zero contaminant 
and maximal microbial mass, which is dominated by dispersion. We dis-
tinguish the two parts of the electron acceptor front on the basis of the 
function w(C) which denotes the derivative of C with respect to r\ for each 
C value, see equation (3.23). According to equation (3.25), we define a 
critical electron acceptor concentration Cr which separates the two parts: 
{0 < C < Cr, w = —Pe(l — a)[C + G — 1], biodegradation part, Cr < C < 1, w = —Pe(l — Oi)[C — 1], dispersion part. 
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FIGURE 3.5. The function w(C) and the critical electron acceptor 
concentration Cr for the reference case. 
The latter part is linear in C, because G « 0. For example, Figure 2.5 
shows w(C) for the reference case, which is nonlinear for small C concen-
trations, the biodegradation-dominated, and virtually linear for larger C 
concentrations, the dispersion-dominated part, which corresponds to expo-
nential behavior of the left part of the electron acceptor front in Figure 
3.2. 
Using the function w(C), we discuss whether the dimensionless num-
bers influence the biodegradation or the dispersion-dominated part or both 
parts of the electron acceptor front. Variation of the Damkohler number 
L^ (Figure 3.6.a) or one of the relative half saturation constants KQ or 
KG (not shown) affects the biodegradation-dominated part of the electron 
acceptor front and the values of Cr, but not the slope of the linear part in 
the dispersion-dominated part. This slope is given by the effective Peclet 
number: Pe,eS) = -Pe(l ~~ <*)> s e e (3.39). This behavior is expected because 
Lfi, Kc or KQ are not included in Pe(eB) and influence only the microbial 
growth rate, see equation (3.10). On the other hand, variation of the Peclet 
number Pe (Figure 3.6.b) or one of the stoichiometric coefficients MQ or MQ 
(Figures 3.6.c and 3.6.d, respectively) affect also the dispersion-dominated 
part because -Pe(eff) is affected too. 
Furthermore, we use w(C) to determine the influence of the dimension-
less numbers on the BAZ. An increase in Cr leads to a larger biodegrada-
tion-dominated part, i.e., a larger BAZ, whereas an increase of Pe(eS) results 
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FIGURE 3.6. Influence of parameter variation on w(C) and Cr. 
(a) Damkohler number LM. (b) Peclet number Pe. (c) Stoichio-
metric coefficient Mc- (d) Stoichiometric coefficient MQ. 
in a steeper electron acceptor front and thus a smaller BAZ. Accordingly, 
these influences might counteract or intensify each other. We will start 
with LM, KQ and KG and their limiting cases, next P e and finally Mc and 
MG. 
Increasing L^ (Figure 3.6.a) or decreasing KQ or KQ (not shown), we 
obtain a smaller Cr which leads to a larger dispersion-dominated part of the 
electron acceptor front and, because the slope of the linear part Pe,eS) is not 
affected, to a steeper front shape of the biodegradation-dominated part, see 
Figure 3.7. Hence, the BAZ decreases. This behavior is expected because 
Lip, KQ and KQ affect the microbial growth, hence the consumption of 
electron acceptor. 
Concerning L^, Kc and KQ, the following limiting cases are of interest: 
L^ —> oo, indicating fast biodegradation kinetics leading to an equilibrium 
assumption, Kc « 1 or KQ <C 1, indicating tha t electron acceptor or 
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FIGURE 3.7. Relative electron acceptor and contaminant con-
centration fronts for different Damkohler numbers. (Solid line: 
L^ = 5, dashed line: L^ = 10 and dotted line: Lp = 200). 
substrate respectively, are sufficiently available [15]. For these limiting sit-
uations Cr tends to zero, which implies tha t the entire electron acceptor 
front is dominated by dispersion and shows a complete exponential be-
havior, see Figure 3.7. The electron acceptor front shape can be derived 
analytically from (3.39) 
C(lJ - 7?r DP e( l-a)(j7-7j r) (3.40) 
with r\r calculated as explained in section 3.2. The length of the BAZ 
is negligible. The contaminant concentration front changes abruptly from 
initial to zero and is given by a step function. On the other hand, if L^ <C 1, 
indicating slow biodegradation kinetics, KQ > 1 or KQ 3> 1, indicating 
that electron acceptor or contaminant respectively, are limiting factors [15], 
Cr is equal to one. This implies that the entire electron acceptor front shape 
is dominated by biodegradation, and the electron acceptor concentration 
changes only gradually from one to zero, see Figure 3.7. Thus a large BAZ 
is found. Moreover, Keijzer et al. [11] and Oya and Valocchi [15, 16] showed 
that for these specific cases, a long enough aquifer is necessary before the 
traveling wave can develop. 
Pe, Mc and MQ influence both Cr and -Pe(eff)- Figure 3.6.b shows tha t 
increasing Pe leads to a larger value of Cr, but also to a larger value of 
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Pe(eff) • Effectively, w grows with increasing Pe in the biodegradation-domi-
nated part of the electron acceptor front, resulting in a steeper shape of 
this part of the front. Hence, a smaller BAZ is found. 
Figure 3.6.C shows that increasing MQ results in a smaller value of Cr 
and a larger value of Pe,eS), because an increase of Mc results in a smaller 
traveling wave velocity, see equation (3.16). As a result, the biodegradation-
dominated part becomes smaller and the electron acceptor front steepens 
for increasing Mc- Hence, a smaller BAZ is obtained. 
Furthermore, Figure 3.6.d shows that an increase of MQ leads to a 
smaller value of Cr, but also a smaller value of Pe,ea), as an increase of 
MQ results in a larger traveling wave velocity, see equation (3.16). In the 
biodegradation-dominated part of the electron acceptor front a larger w is 
found. Hence, effectively w grows with increasing MQ in the biodegrada-
tion-dominated part, resulting in a steeper shape for this part of the front. 
This implies a decreasing BAZ. We conclude that increasing L^, Mc, MQ 
or Pe results in a smaller BAZ, whereas, increasing Kc or KG results in a 
larger BAZ. A smaller BAZ implies a more efficient use of electron acceptor, 
thus increasing L^, MQ, MQ or Pe or decreasing Kc or KG results in a 
better performance of the bioremediation technique. 
When we apply the in-situ bioremediation technique at a specific con-
taminated site we may increase the contaminant removal rate, or decrease 
the BAZ or both, by varying one of the dimensionless numbers. At a spe-
cific site, we consider a particular set of contaminant, microbial mass and 
electron acceptor, for which the following biochemical parameters are fixed: 
the stoichiometric coefficients (mc and mc), the half saturation constants 
(kc and kg), and the specific growth rate (fj,m). Furthermore, the initially 
available contaminant concentration (go), microbial mass (mo) and the con-
sidered contaminated aquifer length (L) are fixed field data. Thus the only 
parameters with which we can steer the operation are the injection velocity 
(v) and the injected electron acceptor concentration (CQ). This implies that 
we can vary LM, Kc and Mc, whereas the other dimensionless numbers 
are fixed, see (3.7). However, we can not increase the injection velocity 
to arbitrary high values because of physical limits and the concentration 
of injected electron acceptor is limited by the concentration at saturation. 
This concentration depends on the electron acceptor used, e.g. nitrate has 
a larger concentration at saturation than oxygen. 
The increase of the injection velocity leads to a smaller Damkohler. A 
smaller L^ implies a larger BAZ, see Figure 3.7, because a tailing in the bio-
degradation-dominated part of the electron acceptor front occurs. However, 
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FIGURE 3.8. Relative electron acceptor and contaminant concen-
tration front for different injected electron acceptor concentra-
tions. (Solid line: Co = 2.5 mg/1, dashed line: Co = 5.0 mg/1, 
and dotted line: Co = 50.0 mg/1). 
the increase of the injection velocity leads also to a higher dimensional 
contaminant removal rate, see equation (3.38). 
The increase of the injected electron acceptor concentration leads to 
a smaller half saturation constant KQ and a smaller stoichiometric coeffi-
cient Mc- The resulting effects counteract because a smaller Kc implies a 
smaller BAZ, yet, a smaller Mc implies a larger BAZ. Figure 3.8 presents 
the electron acceptor and contaminant fronts for different values of Co- For 
larger values of Co (e.g., dotted line) a less steep front shape for the biodegra-
dation-dominated part occurs. Hence, the negative effect of Mc dominates 
over the positive effect of Kc, resulting in a larger BAZ. This follows di-
rectly from equation (A5), where Kc is included in term C/(Kc + C) and 
Mc in McL^/a (= (Mc + Mc)Lil). Whatever value we choose for CQ, the 
first term will always be between zero and one, whereas the other term will 
always be larger than one. Accordingly, the increase of CQ influences the 
term (MQ + Mc)Ln more strongly than the term C/{Kc + C). However, 
the increase of CQ leads also to a larger dimensionless traveling wave velocity 
and thus a higher contaminant removal rate, see equation (3.38). 
We conclude that increasing the injection velocity or the injected elec-
tron acceptor concentration results in a higher contaminant removal rate 
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and a larger BAZ. A higher removal rate and a larger BAZ have counteract-
ing effects on the performance of the bioremediation technique. A higher 
removal rate causes a faster clean up, whereas, a large BAZ indicates that a 
large part of the aquifer contains contaminant concentrations between the 
initial and zero concentration. Therefore, it can take a long time before the 
contaminant is completely removed by the micro-organisms even though 
the removal rate expresses differently. If we are interested only in the con-
taminant removal rate or the BAZ, respectively increasing or decreasing the 
injection velocity or the injected electron acceptor concentration results in 
an improvement of the bioremediation technique. 
CONCLUSIONS 
We investigated the performance of the in-situ bioremediation technique 
under simplifying assumptions. Because of these simplifying assumptions 
we can derive an analytical expression for the traveling wave velocity and 
a semi-analytical solution for the traveling wave front shape of the electron 
acceptor front. We showed that these solutions perfectly approximate the 
traveling wave behavior which was found in the numerical results. Further-
more, it is found that this traveling wave solution is valid for all combina-
tions of dimensionless numbers, although in some situations it can take a 
long time (or traveled distance) before the solution is applicable. 
Using the analytical traveling wave velocity and the semi-analytical 
solution for the front shape, we can determine the contaminant removal 
rate and the region where biodegradation occurs, the biologically active 
zone (BAZ). These two factors characterize the performance of the biore-
mediation technique. We showed that the contaminant removal rate is 
proportional to the traveling wave velocity. Thus a higher traveling wave 
velocity results in a faster clean up. The BAZ depends on the front shape 
of the electron acceptor, especially the biodegradation-dominated part of 
the electron acceptor concentration front. A tailing in the biodegradation-
dominant part implies a large BAZ. A large part of the aquifer contains 
contaminant between initial and zero concentration. Therefore, it can take 
a long time before the aquifer is cleaned. 
Furthermore, we assessed the influence of the different model parame-
ters on the performance of the in-situ bioremediation technique. We showed 
that only the stoichiometric coefficients, MQ and MQ, influence the trav-
eling wave velocity. Therefore, decreasing MQ or increasing MQ results in 
a higher contaminant removal rate. All dimensionless numbers influence 
the biodegradation-dominated part of the electron acceptor front and thus 
the BAZ. Increasing the Damkohler number, the stoichiometric coefficients 
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or the Peclet number, or decreasing the relative half saturation constants 
results in a smaller BAZ and thus in an improvement of the bioremediation 
technique. 
To improve the performance of in-situ bioremediation at a specific con-
taminated site of fixed length, we can only vary the injection velocity or 
the injected electron acceptor concentration because all other physical and 
biochemical parameters are fixed. Increasing the injection velocity or the 
injected electron acceptor concentration results in a higher contaminant 
removal rate and a larger BAZ, which have counteracting effects on the 
performance of the bioremediation technique. A higher removal rate im-
plies a faster clean-up, whereas, a larger BAZ indicates the total clean-up 
of the aquifer can last a long time. 
Although the obtained traveling wave solution is based on a simpli-
fied biodegradation model, it is useful to predict the effect of physical and 
biochemical parameters on the performance of the in-situ bioremediation 
technique. Furthermore, it can give rough and quick estimations of the 
contaminant removal rate and the BAZ by simplifying the conditions at 
a real site. On can argue that we consider a one-dimensional homoge-
neous aquifer, whereas in practice, an aquifer is neither one-dimensional 
nor is the permeability of the aquifer constant. In fact, the permeability is 
space dependent and thus the assumption of homogeneity does not hold. 
If we envision an aquifer as an ensemble of one-dimensional streamtubes 
and each streamtube has different physical and biochemical soil properties 
(e.g. permeability, initially available contaminant) we can mimic a three-
dimensional heterogeneous porous media. Using the stochastic-convective 
approach discussed by other researchers [7, 8, 10] we may consider field-
scale results. This method is only applicable if the transverse dispersion is 
negligible. 
N O T A T I O N 
c (C) (Dimensionless) concentration electron acceptor [mg 1_1] 
Co Feed concentration electron acceptor [mg 1_1] 
Ccons Amount of electron acceptor consumed [mg] 
Cinj Amount of injected electron acceptor [mg] 
Cpres Amount of electron acceptor present in domain [mg] 
Cr Critical electron acceptor concentration [mg 1_1] 
D Dispersion coefficient [m2 day -1] 
g (G) (Dimensionless) concentration organic contaminant [mg 1_1] 
go Initial concentration organic contaminant [mg 1_1] 
Gc Consumed contaminant concentration [mg l -1] 
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kc (Kc) (Diml.) electron acceptor half saturation constant [mg l -1] 
kg (KQ) (Diml.) contaminant half saturation constant [mg l -1] 
L Length of initial contaminated aquifer [m] 
L^ Damkohler number 
m (M) (Dimensionless) concentration microbial mass [mg l -1] 
mo Initial concentration microbial mass [mg l -1] 
mm a x Maximal concentration microbial mass [mg l -1] 
mc (Mc) (Dimensionless) stoichiometric coefficient [mg mg - 1] 
mg (MQ) (Dimensionless) stoichiometric coefficient [mg mg - 1] 
MUG Dimensionless cumulative contaminant removal 
M\ First moment [m] 
M | Second central moment [m2] 
n Porosity 
Pe Peclet number 
fg, (RG) (Dimensionless) contaminant removal rate [mg day -1] 
t (T) (Dimensionless) time [day] 
v Flow velocity [m day -1] 
x (X) (Dimensionless) length [m] 
a Dimensionless traveling wave velocity 
ai Dispersivity [m] 
e Small number [mg 1—1] 
r\ Moving coordinate 
jjLm Maximum specific growth rate [day-1] 
A P P E N D I X A EVALUATION O F T H E SINGLE F I R S T O R D E R D I F F E R -
ENTIAL EQUATION 
To rewrite the system (3.17)-(3.19), we first integrate equation (3.19) 
using boundary conditions (3.20) and (3.21), which leads to the explicit 
relation between M and G 
M
- ' - w <A1> 
Substitution oidM/drj following from (3.19) in equation (3.17) and (3.18) 
yields 
d2C „ / n xdC „ McdG , A n . 
P e ( l - a ) — + P e a — - — - , (A2) drj2 dr\ MQ dr/' 
dG _ MGLf, ( C \ ( G 
drj a ( W T C ) ( * r b ) "• <A3> 
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Using definition (3.16) for the dimensionless traveling wave velocity and 
equation (Al), we obtain 
0-*•<'-«> dC dG drj dr] (A4) 
dG
 = MGL, ( C \ ( G \ ( _ G_\ 
drj a \KC + CJ\KG + G J \ MG)' K ' 
Substitution of expression (A5) for dG/drj in equation (A4) and using def-
inition (3.23) for w(C) gives equation (3.24). Furthermore, we derive an 
explicit relation between G, C and w(C) by integrating equation (A4) from 
r\ = —oo to r] and using the definition for w(C), which yields equation 
(3.25). 
A P P E N D I X B EVALUATION O F T H E MASS BALANCE QUANTITIES 
The total amount of electron acceptor injected into the domain at a 
specific time, T*, is equal to the total influx of electron acceptor at the left 
boundary, 
Cinj (T*) = / flux \x=0 dT = T*, (Bl) 
Jo 
where the flux is given by boundary condition (3.12). The amount of elec-
tron acceptor still present in the domain at T* is given by 
i-x-
t^pres (T*)= / C(X,T*) dX, (B2) 
Jo 
where X* characterizes the length of the domain that still contains electron 
acceptor, denned by 
C(X*,T*) = e and C(X,T*) > e for X < X*, 
with e a small number, say e=0.001. To derive Ccons, we define the con-
sumed contaminant front, Gc(X,T), which equals the initial available con-
taminant minus the contaminant still present 
GC(X,T) = 1-G(X,T). (B3) 
CCOns at T* is related to Gc by the stoichiometric coefficients, MQ and 
MQ- MC describes the amount of electron acceptor necessary to produce a 
certain amount of microbial mass, and MQ describes the amount of contam-
inant necessary to produce the same amount of microbial mass, therefore, 
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Ccons is given b y 
Mr rx* Mr rx* 
CCo„s(n = ^ jo Gc{X,T*)dx=1£jQ (l-G{X,T*))dX, (B4) 
where X* satisfies additionally 
l-G(X*,T*)<e and l-G(X,T*)>e for X < X*. 
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CHAPTER 4 
Semi-analytical traveling wave solution of 
one-dimensional aquifer bioremediation* 
H. Keijzer, R.J. Schotting and S.E.A.T.M. van der Zee 
ABSTRACT 
We consider a one-dimensional biodegradation model that describes trans-
port and biodegradation of contaminant and electron acceptor and, more-
over growth and decay of micro-organisms. We derive a semi-analytical 
solution for the contaminant, electron acceptor and microbial mass travel-
ing wave fronts under the condition that the microbial decay rate is much 
smaller than the microbial growth rate. We compare the semi-analytical so-
lution with the numerically determined traveling wave front of the complete 
biodegradation model and the closed form solution of a reduced biodegrada-
tion model derived by Xin and Zhang. We show that the semi-analytical so-
lution describes the complete biodegradation model almost perfectly. Even 
under nutrient-deficient conditions, the semi-analytical solution is a better 
approximation than the closed form solution of Xin and Zhang. 
'Communications on Applied Nonlinear Analysis 2000, 7, 1-20 
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INTRODUCTION 
Bioremediation is one of the promising techniques to remove degrad-
able organic contaminants from the subsurface. Micro-organisms present in 
the subsurface can either aerobically or anaerobically biodegrade these con-
taminants if either electron acceptors or electron donors and nutrients are 
sufficiently available. If all these compounds are simultaneously present, 
a biological active zone [6, 10, 11] is formed where biodegradation occurs. 
In most cases, biodegradation is limited because one of the necessary com-
pounds is scarce under natural conditions. If these compounds are injected 
into an aquifer to enhance biodegradation, we call this 'in situ bioremedia-
tion'. Even if compounds are injected, biodegradation can still be limited 
by other factors, e.g. heterogeneity of the soil, which can prevent mixing 
between the compounds. 
Research concerning in situ bioremediation is carried out both through 
experiments and model simulations. These experiments [16] and models 
[5, 6, 10, 11, 17] show that after an initial start up period, contaminant, 
electron acceptor and microbial mass fronts move with constant velocity 
and constant front shapes through the aquifer. This behavior is known 
as the traveling wave behavior. The traveling wave behavior also occurs 
for other non-linear reactions, e.g. ion exchange and non-linear adsorp-
tion [1, 2, 12, 14, 15], and (semi-)analytical expressions for the traveling 
wave velocity and front shapes are found. If biodegradation is included 
as a non-linear sink term in the convection-dispersion transport equation 
for contaminant and electron acceptor, (semi-)analytical solutions for the 
developed traveling wave front shapes can be derived, as is shown by Oya 
and Valocchi [10, 11], Xin and Zhang [17] and Keijzer et al. [6]. They 
analyze slightly different conceptual models, because different assumptions 
are made. 
The model of Oya and Valocchi [10] includes transport and biodegrada-
tion of contaminant and electron acceptor, microbial growth and first-order 
microbial decay. Oya and Valocchi derive expressions for the traveling wave 
velocity and the long-term biodegradation rate, using a plug flow approx-
imation to represent the contaminant and electron acceptor fronts. The 
influence of front shapes is not included and expressions for the developed 
traveling front shapes are not derived. Xin and Zhang [17] reduce the 
model of Oya and Valocchi to a two component model, assuming nutrient-
deficient conditions (Kc and KQ large compared with Co and Go) and/or a 
microbial growth rate smaller than the microbial decay rate. Furthermore, 
they neglect dispersion in their paper, which enable them to derive closed 
form solutions for the traveling wave front shapes. Keijzer et al. [6] reduce 
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the model of Oya and Valocchi considering an immobile contaminant and 
neglecting microbial decay, assuming a microbial decay rate much smaller 
than the microbial growth rate. They determine a semi-analytical solution 
for traveling wave front shapes. 
In this paper, we derive a semi-analytical solution for the model of Oya 
and Valocchi under the condition that the microbial decay rate is much 
smaller than the microbial growth rate. We compare the semi-analytical 
solution with numerical results of Oya and Valocchi's model. Considering 
nutrient-deficient conditions, we compare the semi-analytical traveling wave 
solution with the closed form solution of Xin and Zhang and the numerical 
results of the complete model. 
M O D E L FORMULATION 
Consider steady-state flow in a one-dimensional saturated and homoge-
neous aquifer. In this aquifer, biodegradation occurs if contaminant, either 
electron acceptor or electron donor and micro-organisms are simultaneously 
present. Several simplifying assumptions are made [10]. We consider a mo-
bile and reversible linearly-sorbing contaminant. The sorption/desorption 
process is represented by a constant retardation factor R. For brevity, we 
consider aerobic degradation but the concept is also applicable to anaerobic 
degradation. Thus an electron acceptor is considered and assumed to be a 
mobile non-sorbing compound, e.g. oxygen or nitrate. Moreover, we con-
sider an immobile microbial mass assuming that it forms biofilms covering 
soil particles [3, 4, 13]. Research [7, 9] suggests that micro-organisms can 
only use contaminant and electron acceptor that are present in the aqueous 
phase for their growth. Microbial growth is modeled by Monod kinetics [8] 
and microbial decay by a first order sink term. 
These assumptions lead to a system of second order partial differential 
equations (2nd order PDE) for the electron acceptor C, contaminant G and 
microbial mass M given (in dimensionless form) by 
dC 1 d2C DC „ , _ / C \f G \ . . .... 
MCL»
 v , n is , n M ' ( 4 1 ) dT PedX2 dX u ** \KC + CJ \KG + G, 
BG 1 d2G dG „





 r ( C \ / G 
~W 
where Pe is the Peclet number, L^ is the Damkohler number and Ld the 
decay number, which describe the ratios of advection rate over dispersion 
rate, of growth rate over advection rate and decay rate over advection 
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rate, respectively. The relative stoichiometric parameters MQ and MQ de-
scribe, respectively, the ratios of consumed electron acceptor and organic 
contaminant to newly formed micro-organisms. Kc and KQ are the rel-
ative dissolved electron acceptor and organic contaminant half saturation 
constants. 
We consider initially a contaminant and microbial mass homogeneously 
distributed over the subsurface. Initially the electron acceptor concentra-
tion is the limiting factor for biodegradation and is equal to zero. We inject 
the electron acceptor to enhance biodegradation by imposing a prescribed 
mass flux at the inlet of the domain, whereas obviously no contaminant 
is injected. At the outlet of the domain we assume a purely advective 
mass flux for both the contaminant and electron acceptor. The resulting 
dimensionless initial and boundary conditions are 
C = 0, G = 1, M = 1 for X > 0 at T = 0, (4.4) 
-PM + C = 1> -¥M + a = 0 for T > 0 at x = 0' (4'5) 
dX=0, ^ = 0 for T > 0 at X = l. (4.6) 
Numerical results of biodegradation models [5, 6, 10, 11] have revealed 
traveling wave behavior. This behavior implies that contaminant, electron 
acceptor and microbial mass fronts move with constant velocity and con-
stant front shapes through the aquifer. This is caused by counteracting 
effects of dispersion and biodegradation. Dispersion results in a spread-
ing of the fronts, while biodegradation results in a steepening of the front. 
Traveling wave behavior results if the two effects balance. 
SEMI-ANALYTICAL TRAVELING WAVE SOLUTION 
We derive a semi-analytical solution for the developed traveling wave 
fronts under the condition that the microbial decay rate is small compared 
to the microbial growth rate (Ld <C L^). In this derivation, the 2nd or-
der PDE system (4.1)-(4.3) is transformed into a system of second order 
ordinary differential equations (2nd order ODE). The resulting system is 
solved using Newton's method. To determine the front position, we con-
sider mass balances for the contaminant and electron acceptor and the 
semi-analytically derived front shapes. 
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Front shape 
As a first step, the 2nd order PDE system (4.1)-(4.3) is transformed to 
a moving coordinate system 
rj = X-aT, (4.7) 
where a denotes the traveling wave velocity, yielding 
d2C „ „ ,dC
 n %, dM 
w = p^-a^-p*aMcw (4-8) 
f ? = P9{l-Ra)¥-PeaMG™ (4.9) 
drjz drj dr\ 
dM L„. ( C \ ( G 
dr\ 
Note that the second term on the right-hand side of equation (4.3) has 
vanished in equation (4.10) because of the assumption Ld <C L^. Using 
equations (4.8)-(4.10), we obtain an expression for the traveling wave ve-
locity [6, 10] (see Appendix A for a derivation) 
Mr 
a \Kc + C)\Ka + a) ( ' 
- 1 ^ 1 -
We assume that the traveling wave solution is already a good approxi-
mation after a relatively short time so that the following boundary condi-
tions can be used for the transformed problem [10, 14] 
C(-oo) = l, G(-oo) = 0, M(-oo) = M m a x , (4.12) 
C(oo) = 0, G(oo) = 1, Af(oo) = 1, (4.13) 
where Mmax is the maximal microbial mass. Although we neglect micro-
bial decay, the microbial mass does not grow without bounds because the 
microbial growth is limited by the availability of contaminant and electron 
acceptor. An expression can be derived for the maximal microbial mass, 
using the transformed equations (4.8)-(4.10) (see again Appendix A) 
Mmax = ^ + 1. (4.14) 
It follows from conditions (4.12) and (4.13), that also the following condi-
tions hold 
dC
 n dG n dM n , , i r . 
—— = 0, ^— = 0, ——=0 at ry = -oo,oo. (4-l5) 
dr] dr\ dr\ 
Rather than solving the 2nd order ODE system (4.8)-(4.10) on the 
infinite domain for 77, we search for a solution for the functions u and v on 
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a finite domain for C (C G [0,1]). The functions u(C) and v(C) are defined 
by 
. = f (4-1T) 
Substitution of (4.16)-(4.17) in equation (4.8)-(4.10) yields a 1st order ODE 
system 
u' = -Pe(l-a) + PeMc-, (4.18) 
u 
v' = -Pe(l-Ra)--PeMG-, (4.19) 
u u 
dM F 
— = , 4.20 drj a 
where primes ' denotes differentiation with respect to C, and F is denned 
as 
.Kc + CJ KKa + G, 
F
 = W\ -7^-^ ) ( - 7 ^ - ^ ) M. (4.21) 
The boundary conditions for this 1st order ODE system follow from equa-
tion (4.15) 
u(0) = 0 and u(0) = 0. (4.22) 
In order to obtain an ODE system that depends only on C, u and v, 
we derive explicit expressions for M and G in terms of C, u and v (see 
Appendix A) 
„ , u + Pe(l - a)(C - 1) w , , „ „ , 
M
 = P J " + M™*' 4-23 
and 
-u - Pe(l - a)(C - 1) - ¥pv 
° "
 R ( 1 - a ) " • ( 4 2 4 ) 
These explicit expressions for M and G are substituted in the first order 
system (4.18)-(4.20). The result is 
u' = - P e ( l - a ) + ^ - , (4.25) 
a u 
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Pe(l - a)MG v L^MQ F 






\KC + C> 
( 
-u-Pe{\-a){C-\)-^v 
Mr KGPe{\ -a)-u- Pe(l - a)(C - 1) - ^ 
(u + P c(l - a)(C - 1) + PeaMcMmax). (4.28) 
We differentiate equation (4.25) and (4.26) with respect to C, yielding 
the 2nd order ODE system 
uu" + u'2 = -Pe{l-a)u' + ^F, (4.29) 
a 




subject to boundary conditions for u and v for C — 0 and C = 1 (see 
(4.15)) 
u(0) = v(0) = 0 and u(l) = v(l) = 0. (4.32) 
The numerical procedure to solve this 2nd order ODE system (4.29) and 
(4.30) subject to boundary conditions (4.32) is based on Newton's method. 
See Appendix B for details. Using this procedure, we find u and v as 
functions of C. To determine the front shape C(rf), we integrate relation 
(4.16) numerically from a reference point r\ = r/r, where we may choose 
arbitrarily C = 0.5 [14] 
fC i 
r1-rjr = - / -^^dC for 0 < C < 1. (4.33) 
Jo.5 u(C) 
The front shapes for G(rj) and M(rj) are found by substitution of C(r]), 
u(C) and v(c) in equation (4.24) and (4.23). 
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Front position 
The front shape is given with respect to an arbitrary reference point, 
see equation (4.33). We determine this point using mass balance considera-
tions. To this end, a large domain (with length L) is considered to prevent 
the electron acceptor from reaching the outlet. Therefore the amount of 
electron acceptor injected into the domain, C;nj, is equal to the amount of 
electron acceptor still present in the domain, Cpres, plus the amount of elec-
tron acceptor consumed by the micro-organisms, Ccons- Hence, the mass 
balance equation for C is given by 
^ i n j = (-^pres i (-'cons- (,4.o4J 
Here, Ccons is related to the amount of contaminant consumed Gcons by the 
relative stoichiometric coefficients, MQ and MQ- MQ describes the amount 
of electron acceptor necessary to produce a certain amount of microbial 
mass, and MQ describes the amount of contaminant necessary to produce 
the same amount of microbial mass. 
GCons is equal to the amount of contaminant initially available, G-m\t, 
minus the amount of contaminant still present in the domain, Gpres, minus 
the amount of contaminant flushed out of the domain, Gout. Hence, the 
mass balance for G is given by 
Gcons = ^ i n i t ~~ G p r e s — G o u t - ( 4 . 3 5 ) 
Substitution of the mass balance equation for G in equation (4.34) yields 
Gmj — G p r e s + ——— (Gini t ~~ G p r e s — G o u t ) - ( 4 . 3 6 ) 
Expressions for the quantities in equation (4.36) can be derived, using the 
dimensionless equations (4.1)-(4.2) and boundary conditions (4.5)-(4.4) in 
the original coordinate system. 
The amount of electron acceptor injected into the domain at a spe-
cific time, T*, is equal to the total influx of electron acceptor at the inlet 
boundary 
Ci„j(T*) = n f Jc(0) dT = nT*, (4.37) 
Jo 
where n is the porosity and Jc(0) is the boundary condition (4.5). The 
amount of electron acceptor still present in the domain at T* is given by 
Cpres(T*) = n f C(X,T*) dX. (4.38) 
Jo 
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The amount of contaminant present in the domain at T* is 
GpresCH = n / RG(X,T*)dX 
Jo 
= nf RG(X,0)dX-n f [R(G(X,0) - G(X,T*))\ dX 
Jo Jo 
= nRL-nR [ [l-G(X,T*)]dX, (4.39) 
Jo 
where R is included because we consider the adsorbed contaminant as well 
as the contaminant in the water phase. The amount of contaminant initially 
available is given by 
Gimt = n f RG{X, 0) dX = nRL. (4.40) 
Jo 
Finally, the amount of contaminant flushed out of the domain at a T* is 
equal to 
Gout = n f G(L, T)dT = nT*, (4.41) 
Jo 
because the contaminant concentration at the outlet of the domain is equal 
to G(L, T) — 1 for all T, since we consider a sufficiently large domain. 
Substitution of the quantities (4.37)-(4.41) in equation (4.36) gives 
T*(l + ^ ) = f C{X,T*)dX + ~ R f l-G(X,T*)dX. (4.42) 
Here, X* is defined as the length of the domain that still contains electron 
acceptor, but where the relative contaminant concentration is less than 
than one 
C(X,T*)<e for X > X*, 
l-G(X,T*)<e for X>X*, 
with e a small number, say e=0.001. Using the definition for X*, one can 
recast equation (4.42) into 
T*(l + ^ ) = f C(X,T*)dX + ~ R J l-G(X,T*)dX, (4.43) 
with X* the only unknown. To determine X*, we use the traveling wave 
solutions for C and G, denoted by CTW and GTW respectively, as derived 
previously. We define rf — X* — aT*, such that CTW(V*) = e> a n d V* — 
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—aT*. Hence, solving equation (4.43) for X* is equivalent to finding r]* — r)* 
from 




 M^ ) = / CTw(v)dv+j^Rj (l-GTW(V))drj. (4.44) 
To achieve this, we use equation (4.33) to write r\r in terms of if 
<-Vr = - \ \ ~^dC. (4.45) 
Jl/2 U(C) 
When X* is found, r]r follows from (4.45) using the definition of ry*, which 
determines the traveling wave front C(X,T*) completely. 
Applicability of the semi-analytical solution 
In the derivation of the traveling wave front shapes, we used definitions 
for u and v, respectively (4.16) and (4.17). The variables u and v will be 
larger or equal to zero for all C values, because the electron acceptor front 
is monotonically decreasing and the contaminant front is monotonically 
increasing, while both are bounded, see boundary conditions (4.12) and 
(4.13). Combining the boundary conditions of u and v (4.32) with the 
constraint that u and v are larger or equal to zero, we obtain the following 
conditions for the derivatives of u and v with respect to C for C = 0 and 
C = \ 
ti'(O) > 0, u'(l) < 0, (4.46) 
v'(0) > 0, v'(l) < 0. (4.47) 
These conditions result in restrictions for the model parameters, see Ap-
pendix C 
PeKc(KG + l) Mc{l + R^f 
J
» < v MG 'v ' '-t (4.48) 
and 
*»
 : MC(R-m+m2 ( 4 4 9 ) 
P.KG(Kc + l) Ma(i + R»fey(R-l + Mc + Mcy 
On the left-hand side we find the Damkohler number divided by the Peclet 
number. In general the Peclet number is much larger than the Damkohler 
number which results in a small term on the left-hand side of (4.48) and 
(4.49). Only when either Kc or KG are small, the term on the left-hand 
side might become large. In that case the traveling wave fronts are very 
steep and a plug flow approximation can be applied [6, 10]. 
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TABLE 4.1. Input dimensionless numbers in first simulation. 
















To establish whether the semi-analytical solution provides a good ap-
proximation for the traveling wave behavior of the original model (4.1)-
(4.3), we perform numerical simulations and compare the results with the 
semi-analytical solutions. The numerical method described by Keijzer et al. 
[5] in which microbial decay is incorporated is applied. The transport part 
of the equations is solved using a Galerkin-finite element method, while the 
biodegradation reaction part is solved using an implicit Euler method. The 
two parts are solved using Picard iterations. In the simulation the following 
parameter values are used. The porosity is n = 0.4 and the dimensionless 
length of the domain is L = 1. The values of the other (dimensionless) 
numbers are given in Table 4.1. The discretisation and time step are cho-
sen such that the grid Peclet and Courant conditions are fulfilled to avoid 
numerical dispersion and numerical instabilities. The semi-analytical and 
numerical results are shown in their dimensionless form. 
Figure 4.1 shows the semi-analytically and numerically obtained elec-
tron acceptor, contaminant and microbial mass fronts. The semi-analytical 
fronts for electron acceptor and contaminant approximate the numerical 
fronts almost perfectly. The semi-analytically and numerically obtained 
microbial mass fronts show some difference. Specially the part of the front 
where the contaminant becomes the limiting factor in the microbial growth 
and the microbial decay start to play a role. As a result, microbial mass 
grows to a lower value in the numerical results than in the semi-analytical 
solution. When the contaminant is completely biodegraded only microbial 
decay occurs and the microbial front shows an exponential decrease. If 
we decrease microbial decay rate even more, the contaminant and electron 
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FIGURE 4.1. Dimensionless fronts resulting from semi-analytical 
and numerical solutions. Semi-analytical and numerical front for 
electron acceptor: solid line and x, contaminant: dotted line and 
*, and microbial mass: dashed line and + (right y axis). 
microbial decay can be neglected, we can use the semi-analytical solution 
to approximate the contaminant and electron acceptor front. 
Xin and Zhang [17] reduce original model (4.1)-(4.3) to a two com-
ponent model, assuming nutrient-deficient conditions and/or a microbial 
growth rate smaller than the decay rate. In case of nutrient-deficient con-
ditions, they derive a closed form solution for the traveling fronts. Using our 
semi-analytical solution, we can also determine the traveling wave fronts 
under nutrient-deficient conditions (KQ 3> 1 and KG 3> 1). We compare 
the semi-analytical solution with the closed form solution of Xin and Zhang 
and the numerical solution of our original model. To fulfill the conditions 
made by Xin and Zhang, the dimensionless parameter values are used as 
given in Table 4.2. 
Figure 4.2 shows the electron acceptor and contaminant front obtained, 
using the semi-analytical solution, Xin and Zhang's closed form solution and 
the numerical solution of the original model. The semi-analytical solution 
is a better approximation for the traveling wave fronts of the original model 
than the closed form solution of Xin and Zhang. This is expected since Xin 
and Zhang neglect the terms KQC', KQC and CG in the denominator of the 
Monod terms (equation (4.3)) because these term are much smaller than the 
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FIGURE 4.2. Dimensionless electron acceptor and contaminant 
fronts resulting from semi-anlytical solution (solid lines), closed 
form solution of Xin and Zhang [17] (dashed lines) and numerical 
method (symbols). 
term KQKQ. In our model we only neglect microbial decay. As we already 
showed, this hardly influences the electron acceptor and contaminant front. 
SUMMARY 
In this study, we have considered a conceptual model which describes 
transport and biodegradation by two advection-dispersion-reaction equa-
tions for contaminant and electron acceptor, and one equation for the mi-
crobial mass, which includes microbial growth and microbial decay. We 
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derived an analytical expression for the traveling wave velocity and a semi-
analytical solution for the developed contaminant, electron acceptor and 
microbial mass traveling wave fronts. We compared the semi-analytically 
obtained traveling wave fronts with fronts obtained from a numerical model 
developed by Keijzer et al. [5] for the original system, see equations (4.1)-
(4.3). The semi-analytical solution of the contaminant and electron accep-
tor approximate the traveling wave fronts almost perfectly. 
Xin and Zhang [17] reduced the original model in order to derive a 
closed form solution for the traveling wave fronts. If we compare the semi-
analytical solution with the closed form solution of Xin and Zhang and the 
numerically obtained fronts for the original model, the semi-analytically 
solution approximate the numerically obtained traveling wave fronts bet-
ter than the closed form solution of Xin and Zhang. We conclude that 
although Xin and Zhang derive a closed form solution, the semi-analytical 
solution presented in this paper is more applicable because less restrictive 
assumptions are made. 
A P P E N D I X A 
Determination of a, Mmax, M and G 
In this appendix different properties of the traveling wave solution are 
determined in more detail. First of all, we determine the traveling wave 
velocity (a), secondly the maximal microbial mass (Mmax) and finally we 
determine M and G as functions of C, u and v. 
To calculate the traveling front velocity, we combine equation (4.8) and 
(4.9) 
d2C dC MC (d2G dG\ 
Integration from rj = — oo to rj leads to 
"L-W-W-V-^-W-aQG). <A2) 
Using the conditions at r/ = oo, we obtain the expression for the traveling 
wave velocity (4.11). 
To obtain Mmax, we integrate equation (4.8) from 77 = —00 to 77, yielding 
dC 
— - P e(l - a)[C - 1] + PeaMc[M - Mmax] = 0. (A3) 
Using the conditions at rj = 00, we obtain 
Pe(l - a) + PeaMc[l - Mmax] = 0, (A4) 
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which results in equation (4.14). 
To determine M as a function of C we use the definition of u (equation 
(4.16)) in equation (A3), yielding 
u = - P c ( l - a)[C - 1] + PeaMc[M - Mmax}. (A5) 
Hence, an explicit relation (4.23) between M, C and u is found. Note that, 
when C | 0 then M | l and when C | 1 then M ] Mmax. To obtain G 
as function of C, we use the definition of u and v (respectively, equation 
(4.16) and (4.17)) in equation (A2), which yields 
_u _ Pe(i _ a)[C _ i] = Mf{v - pe(i - ai?)G, (A6) 
and relation (4.24) is determined. Note that, when C [ 0 then G | 1, when 
C T 1 then G | 0. 
A P P E N D I X B 
Numerical procedure 
The second order ODE system (4.29)-(4.30) involves non-linear second 
order ordinary differential equations for u and v. Therefore, the computa-
tion of u and v as function of C requires an iterative procedure to converge 
to the solution. 
Figure 4.3 illustrates the flow chart of the numerical procedure. At the 
first iteration step, we start with initial guesses for u and v which fulfill the 
boundary conditions of the system. When solving equation (4.29) for u, 
we substitute the initial guess for v and we apply Newton's method which 
results in an approximated solution for u. In turn, the computed u is used 
for computing v from equation (4.30) applying Newton's method again. We 
check whether the difference between the approximated solution and initial 
guesses of u and v are within a specified error interval. If the difference is 
unacceptable, the next iteration is performed after replacing the initial u 
and v with the improved solution. 
A P P E N D I X C 
Restrictions 
We analytically determine the derivative of u and v with respect to C 
for C = 0, using equation (4.21). We consider the limit of C [ 0, hence 
G | 1 and M J, 1, and apply l'Hopital's rule. First we evaluate the limit 
lim F= lim MifeOteb)* 
C|0,Gt l ,M| l u C10,GT1,M|1 U 
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( Start ) 
Initial guess for u{C) and v(C) 
Save u(C) and v(C) of the previous iteration 
Substitute v(C) in Eq. (4.29) 
Solve Eq. (4.29) using Newton's method 
Substitute calculated u{C) in Eq. (4.30) 
Solve Eq. (4.30) using Newton's method 
no 
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Kc KG + 1 u' 
(CI) 
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Next, substitution of (CI) in equation (4.25) and (4.26) yields 
(u')2 + P e ( l - a K - P e M c ^ - ^ - = 0 , (C2) 
Kc KG +1 
u'v' + Pe(l-Ra)v' + PeMG^—^--=0. (C3) 
Kc KG + l 
According to equation (C2), u'(0) is given by 
»'(0) = - y ( l - a) 
± ^ ( P e ( l - a ) P + 4 P e M c ( i ) ( ^ ) . (04) 
The sign must be positive to satisfy u'(0) > 0. Furthermore, according to 
equation (C3), v'(0) is 
PeMG-Lu 1 
To satisfy v'(0) > 0, we obtain restriction (4.48) for the model parameters. 
To determine the derivative of u and v with respect to C for C = 1, we 
consider the limit for C | 1, hence G [ 0 and M j Mmax, and apply again 
l'Hopital's rule. First we evaluate the limit 
,im F = ,im *-, (*£*)(*&)" 
Cn,GiO,MWmaX U CTl,G|0,AfTMmox u 
_ ,.
 L
» \K^+l) M"iax \KG+G) 
Cn,GiO,M]Mmax U 
= ^ i ^ ^ l i m - . (C6) 
KG KC + 1 G->O u 
Next, substitution of equation (4.24) and applying l'Hopital's rule yields 
,. F L„ Mmax 
cn,Gio,M1Mmax u KQ KC + 1 
1 1 Mc v' 
Pe(l-a) u' MGPe(l - a) u'J ' ' 7' 
Multiplying equation (4.25) by MQ and equation (4.26) by Mc and adding 
the results, we obtain a explicit equation for v'(l) in terms of u'(l) only 
= a-(i)2 + p « ( i - a K ( i ) 
ft(l - a) - «§«<(!) 
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Substituting (C7) and hereafter (C8) in equation (4.25), we obtain a third 




+ [Tr-PKl - " ) 2 + MGPeA}u' + MGPe2(l - a)A = 0, MQ 
(v! + Pe(l-a))(-u,2 + ^Pe(l-a)u' + MGPeA) = 0, (C9) 
MQ 
where A = j ^ - ^m^_\ • The solution of this equation is 
u'(l) = -Pe(l - a), (CIO) 
and 
»'(!) = - y ( l - f l o ) 
±2 y{P.li-Ba)r+iPM,(±Xjg=i)- (cm 
The sign must be negative in order to satisfy u'(l) < 0. To satisfy v'(l) < 
0, the denominator of (C8) should be negative which leads to restriction 
(4.49). 
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CHAPTER 5 
Effect of physical, chemical and 
biochemical processes on the performance 
of in situ aquifer bioremediation 
H. Keijzer and S.E.A.T.M. van der Zee 
ABSTRACT 
We consider an aquifer polluted with a linear sorbing organic contami-
nant. The contaminant can be biodegraded by indigenous micro-organisms 
provided that an electrori acceptor is available. The indigenous micro-
organisms use the contaminant for their growth. To enhance the biodegra-
dation, the electron acceptor is injected into the aquifer which we refer to 
as in situ bioremediation. During in situ bioremediation the contaminant 
is either biodegraded or flushed out of the domain. We characterize the 
in situ bioremediation performance with the 99% remediation time, r, and 
the ratio of contaminant biodegraded to contaminant flushed out, %. The 
99% remediation time is the time necessary to remove 99% of the initially 
present contaminant. The ratio x reveals whether the largest fraction of 
the initially present contaminant is biodegraded or flushed out. In this 
paper r and x a r e derived semi-analytically and analytically depending on 
whether or not the front shape is considered. The in situ bioremediation 
performance is influenced by physical, chemical and biochemical processes, 
e.g. transport, adsorption and biodegradation respectively. To assess how 
these processes influence the performance and how we can improve the 
performance, we determine their effect on r and x- Considering a specific 
polluted site where only the injected electron acceptor concentration Co and 
the injection velocity v can be controlled, we use the effect of CQ and v on 
r and x f° r dimensioning the in situ bioremediation performance. 
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INTRODUCTION 
Many aquifers in the world are contaminated with organic contami-
nants. Research has shown that some of these organic contaminants can be 
biodegraded by micro-organisms provided that electron acceptors or elec-
tron donors and nutrients are sufficiently available. If these compounds are 
present, a biologically active zone [10] is formed where biodegradation oc-
curs. In most cases, biodegradation is limited because one of the necessary 
compounds is scarce. If these compounds are injected into the aquifer to 
enhance biodegradation, we call this in situ bioremediation. 
During in situ bioremediation the contaminant is either biodegraded or 
flushed out of the considered domain or both. If the contaminant is biode-
graded, it may be transformed into harmless rest products, whereas if the 
contaminant is flushed out of the domain, the contaminant is still present 
in the extraction fluid or elsewhere in the environment. Hence, biodegra-
dation results in a more sustainable removal than flushing. Therefore, if we 
want to determine whether the in situ bioremediation performance is sat-
isfactory, not only the time necessary to remove the contaminant but also 
the way the contaminant is removed should be considered. For this reason, 
we characterize the in situ bioremediation performance, using the 99% re-
mediation time, denoted by r , and the ratio of contaminant biodegraded 
to contaminant flushed out, denoted by \- If T is small and x is large, 
i.e. a short time period is necessary to remove the contaminant and much 
more contaminant is biodegraded than flushed out, the in situ bioremedia-
tion performance is considered satisfactory. Furthermore, especially \ c a n 
be used to determine whether natural attenuation occurs. If a very small 
X is measured at a polluted site, this implies that no natural attenuation 
takes place since the fraction of contaminant biodegraded is very small. To 
remediate such a site, requires in situ bioremediation. 
Whether the performance of in situ bioremediation is satisfactory, 
strongly depends on the physical, chemical and biochemical processes, i.e. 
transport, adsorption and biodegradation respectively, occurring in the 
aquifer. The transport of dissolved contaminant and electron acceptor 
through the aquifer is caused by the injection velocity. Increasing the in-
jection velocity results in a faster supply of electron acceptor and a faster 
flushing of the contaminant out of the domain. Then, both biodegrada-
tion and flushing increase. Due to adsorption less contaminant resides in 
the aqueous phase and thus adsorption diminished the flushing rate com-
pared with the case of no adsorption. Since micro-organisms are believed 
to only degrade contaminant in the aqueous phase [7, 9] adsorption also 
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suppresses the biodegradation rate. As biodegradation itself results in less 
contaminant in the aqueous phase it limits flushing. 
Transport, adsorption and biodegradation occur simultaneously and 
their effects on the amount of contaminant biodegraded and flushed out 
might be either synergistic or antagonistic. For example, both fast trans-
port and a high biodegradation rate influence the in situ bioremediation 
performance positively. In combination, though, the small residence time 
implied by fast transport adversely affects the fraction of contaminant 
biodegraded. Therefore, fast transport and a high biodegradation rate act 
antagonistically. Similarly, both small adsorption and a high biodegrada-
tion rate influence the in situ bioremediation performance positively. In 
combination, the larger fraction of contaminant in the aqueous phase and 
the faster transport velocity implied by the small adsorption favorably af-
fect the biodegradation and flushing. Especially the fraction of contaminant 
biodegraded is favorably affected because of the high biodegradation rate. 
Hence, low adsorption and a high biodegradation rate act synergistically. 
To assess the influence of transport , adsorption and biodegradation on 
the in situ bioremediation performance, we determine their effect on r and 
X- Both r and x c a n be calculated when the development of the contami-
nant distribution in the aquifer is known. If a (semi-)analytical expression 
for this contaminant distribution is available, r and \ c a n be determined 
(semi-)analytically. Otherwise numerical simulations are necessary. Fry 
and Istok [2] analytically determine a 99.9% remediation time, considering 
first order desorption kinetics where the rate of mass transfer of contami-
nant from the solid phase to the aqueous phase depends on the concentra-
tion gradient between the two phases. They represent the biodegradation of 
the contaminant by first order degradation. First order degradation approx-
imates Monod kinetics when the contaminant concentration is rate limiting 
for the microbial growth. Moreover, they assume that the electron acceptor 
is sufficiently available and that the micro-organism population is at steady 
state. Schafer and Kinzelbach [12], on the other hand, numerically deter-
mine a 90% remediation time, considering a linear sorbing contaminant, 
a non-sorbing electron acceptor and an immobile micro-organism popula-
tion. The biodegradation of the contaminant, the microbial growth, and 
the consumption of the electron acceptor are related according to Monod 
kinetics. Their interest goes to the influence of aquifer heterogeneity on 
this 90% remediation time. 
Keijzer et al. [5] and Oya and Valocchi [10] numerically show that dur-
ing in situ bioremediation a contaminant, electron acceptor and microbial 
mass front develop which travel with a constant traveling wave velocity 
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and constant front shapes through the domain. The constant velocity and 
constant front shapes develop because the spreading effect of dispersion 
is balanced by the steepening effect of biodegradation. Keijzer et al. [6] 
determine a semi-analytical solution for the developed contaminant front. 
In this paper we use this semi-analytical expression, to determine semi-
analytically the 99% remediation time (r s) and the ratio of contaminant 
biodegraded to contaminant flushed out (xs)- In addition, we determine 
analytically the 99% remediation time, ra, and the ratio of contaminant 
biodegraded to contaminant flushed out, Xa, assuming plug flow behavior 
[10]. The difference between r s and r a is considered, to determine whether 
the contaminant front shape should be considered during the assessment 
of the in situ bioremediation performance or whether we can suffice with a 
plug flow approximation. Moreover, a 99% remediation time is numerically 
determined to determine whether TS or ra is more accurate. Furthermore, 
we use TS and Xs to assess how physical, chemical and biochemical processes 
influence the in situ bioremediation performance and how we can improve 
the in situ bioremediation performance applied to a polluted site where 
only the injection concentration of the electron acceptor and the injection 
velocity can be adapted. 
Our study is closely related to the work of Xin and Zhang [13] in that 
(semi-)analytical solutions are used to determine the amount of contami-
nant removed. However, the following aspects differ: different assumption 
are made concerning the microbial growth and decay rate, they consider 
the contaminant removal rate as we consider the 99% remediation time and 
the ratio of contaminant biodegraded to contaminant flushed out, and they 
determine the influence of aquifer heterogeneity on the developed front, 
whereas, we assess the influence of physical and biochemical processes on 
the in situ bioremediation performance. 
M O D E L FORMULATION 
Consider steady-state flow in a one-dimensional saturated and homoge-
neous aquifer. In the aquifer, aerobic biodegradation occurs if contaminant, 
electron acceptor and micro-organisms are simultaneously present. Several 
simplifying assumptions are made [5]. We consider a mobile and reversible 
sorbing contaminant. Although many contaminants undergo kinetic sorp-
tion [9], linear equilibrium sorption is assumed which approximates first 
order sorption kinetics when sorption is at local equilibrium. Further-
more, we consider a mobile non-sorbing electron acceptor, e.g. oxygen 
or nitrate. In case another electron acceptors is taken into account such 
as sulfate, electron acceptor adsorption would also have to be dealt with. 
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Then a relative retardation factor, R — Rg/Rc could be considered, where 
Rg and Rc are the retardation factor of the contaminant and electron ac-
ceptor. An immobile microbial mass is assumed because micro-organisms 
form biofilms around the soil particles [3]. Research suggests that micro-
organisms can only use both contaminant and electron acceptor that are 
present in the aqueous phase for microbial growth [7, 9]. The microbial 
growth and subsequent contaminant biodegradation and electron acceptor 
consumption is modeled by Monod kinetics [8] and we disregard the decay 
of micro-organisms, assuming that the specific growth rate is significantly 
larger than the decay rate. Keijzer et al. [6] show that this simplification 
has only a small effect on the distribution of the contaminant and electron 
acceptor concentration. Furthermore, we point out that the results consid-
ered in this paper in principle hold also for the anaerobic biodegradation of 
a contaminant that would require an electron donor instead of an electron 
acceptor. 
These assumptions lead to mass balance equations of the concentrations 
of the electron acceptor, c [mg l -1] , the contaminant, g [mg l -1] , and the 







R% = ^ - « £ - < 7 S 7 > (5-2) 
(5.3) 
where D denotes the dispersion coefficient [m2 day -1] , v the effective ve-
locity [m day -1] and R the relative retardation factor. The stoichiometric 
parameters mc [mgc mg - 1] and mg [mg9 mg^1] describe the ratios of con-
sumed electron acceptor and organic contaminant, respectively, to newly 
formed micro-organism. The parameters in equation (5.3) are the maxi-
mum specific growth rate, fim [day-1] and the dissolved electron acceptor 
and organic contaminant half saturation constants, kc [mg l -1] and kg [mg 
l -1] . The independent variables are the spatial coordinate x [m] and the 
time t [day]. 
Initially at t = 0, we consider a contaminant and microbial mass ho-
mogeneously distributed over the aquifer with contaminant concentration 
in the solution, go [mg l -1] , and microbial background mass, mo [mg l -1] 
. We assume that the electron acceptor concentration is the limiting factor 
for biodegradation, and it is initially equal to zero. The electron acceptor 
is injected to enhance biodegradation. Hence, we consider injected water 
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that contains electron acceptor but no contaminant. Thus, we impose a 
prescribed mass flux of the electron acceptor and contaminant at the inlet 
of the domain. At the outlet (x = L) we assume a purely advective mass 
flux of electron acceptor and contaminant. Hence, the initial and boundary 
conditions are 
c = 0, g = go, m = rao for x > 0 at t — 0, (5.4) 
~D-^- + vc = vco, -£>TT- + vg = 0 for t > 0 at x = 0, (5.5) 
ox ox 
- ^ = 0, 7^ = 0 for t > 0 at x = L. (5.6) 
ox ox 
B I O R E M E D I A T I O N CHARACTERISTICS 
The 99% remediat ion t ime, r 
Because r is the time at which 99% of the initially present contaminant 
is removed, it equals the time at which 1% of the initially present contam-
inant still resides in the considered domain. The amount of contaminant 
still present in the domain can be expressed by 
G(t) = n I Rg(x,t)dx. (5.7) 
Jo 
Hence, r can be derived from 
G(r) = 0.01 G(0), (5.8) 
with G(0) the amount of contaminant initially present in the domain [mg]. 
The quantity G(0) is given by 
G(0) =n f Rg{x,0)dx = nRLg0. (5.9) 
Jo 
There are two ways to determine G{t). We can either use the semi-
analytically derived contaminant concentration front of Keijzer et al. [6] or 
we can use a plug flow approximation [10]. 
Keijzer et al. [6] derive a semi-analytical solution for the system of 
equations (5.1)-(5.3) for initial and boundary conditions (5.4)-(5.6). To 
solve this system of equations, Keijzer et al. [6] transform it into a nonlinear 
second order ordinary differential equation (ODE) system, using two newly 
defined functions of the electron acceptor c: u and w. The nonlinear second 
order ODE system is solved using an iterative procedure. In each iteration 
step, u and w are determined by Newton's method. After the iteration, the 
function u is integrated numerically from a reference point which results 
in the front shape of c and g. Because the front shapes are given with 
Jo 
H{x-Xp(t),t) = \" : : „ ; p : r (5.12) 
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respect to an arbitrary reference point, Keijzer at al. [6] use mass balances 
for c and g to determine their position. Substituting the semi-analytically 
derived g(x,t), equation (5.7) and (5.9) in equation (5.8), we obtain 
rL 
g(x,T)dx = 0.01 Lg0, (5.10) 
/o 
where r is the only unknown. Prom equation (5.10) we can determine r 
semi-analytically, using for example the trapezoidal rule, which yields TS . 
If we consider a plug flow approximation for g(x,t), 
g(x,t) = gQH(x - xp{t),t), (5.11) 
where H is the Heaviside function 
0 if x < xp(t) 
1 if x > xp(t) 
and xp(t) the shock front position at t. The expression for G(t) becomes 
G(t) = nRg0 f H(x - xp(t),t)dx = nRgQ(L - xp(t)). (5.13) 
Jo 
Substitution of equation (5.9) and (5.13) in equation (5.8), yields 
XP(T) = 0.99L. (5.14) 
The front position for the plug flow is related to the front or traveling wave 
velocity a [5, 6] and the time passed and is defined by xp(t) = at [10] with 
a is analytically derived by Keijzer et al. [6] 
a = v[ ° • (5-15) 
Using the definition of xp, we obtain a simple analytical expression for 99% 
remediation time 
ra = 0.99-. (5.16) 
a 
We emphasize that the semi-analytically or analytically derived 99% 
bioremediation times, TS and ra, can only be determined in case the trav-
eling wave has developed. Keijzer et al. [4] and Oya and Valocchi [10] 
showed that the traveling waves develop after a limited start up period. 
Keijzer et al. [4] identify the end of this period qualitatively, whereas Oya 
[11] quantitatively defines a peak biodegradation time that approximates 
the time at which this period ends. 
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The ratio x 
The quantity of contaminant biodegraded at t, Gb(t), can be derived 
from the contaminant mass balance. It equals the quantity of contaminant 
initially present minus the sum of the quantities of contaminant still present 
and flushed out, Gf(t), at t which yields 
Gb(t) = G(0)-(G(t) + Gf(t)), (5.17) 
where G(0) and G(t) are given in equation (5.9) and (5.7). The quantity 
of contaminant flushed out is given by 
Gf(t) = nv f g(L,t)dt. (5.18) 
Jo 
We determine the ratio of contaminant biodegraded to flushed out as a 
function of time, using equation (5.17) and (5.18) 
*"-g%-ow>-y< ' )-
The ratio x(t) can be determined semi-analytically by substitution of the 
quantities G(0), G(t) and G/(t), i.e. equation (5.9), (5.7) and (5.18), and 
the semi-analytically derived g(x,t) and g(L,t) in equation (5.19). Hence-
forth, when we mention the semi-analytically determined Xs, we refer to 
Xs = Xs(rs) (5.20) 
The ratio x c a n a l s o be determined analytically, if we again consider 
a plug flow approximation for g(x,t). Then the quantity of contaminant 
flushed out becomes 
Gf{t) = nvftg0H(L-at,t)dt={nV90l * " < < * ' (5.21) 
Jo [nvgotm it at > L, 
where tm = L/a. Substitution of the analytical expressions of the quantities 
G(0), G{t) and Gf(t), i.e. equation (5.9), (5.13) and (5.21), in equation 
(5.19) leads to a analytically determined Xa, 
Xa = ^ ^ = Rot - 1, (5.22) 
v 
where a' = a/v is the dimensionless traveling wave velocity. Notice that 
Xa only depends on the retardation factor and the dimensionless traveling 
velocity and not on t. 
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Bioremediation parameters 
Physical, chemical and biochemical processes in the aquifer are charac-
terized by different properties. Transport is characterized by the injection 
velocity, v, the dispersivity, ai, the porosity, n and the length of the con-
taminated aquifer, L. Adsorption is characterized by the retardation factor, 
R. Biodegradation and microbial growth are characterized by, respectively 
the stoichiometric coefficients, mg and mc, the specific growth rate, [im 
and the half saturation constants, kg and kc. Both biodegradation and 
microbial growth are also influenced by the initially present contaminant 
concentration and microbial mass, i.e., by go and mo, and by the injected 
electron acceptor concentration, CQ. 
If we consider a site polluted with a specific organic contaminant and 
we assume that indigenous micro-organism populations are present, some of 
the physical, chemical and biochemical parameters are fixed, in the sense 
that their values can not be influenced e.g. for dimensioning purposes. 
The physical parameters ai, n and L are fixed because both the struc-
ture and the relevant length of the contaminated aquifer are known, and 
the biochemical parameters kg, mg, go, [im and mo are fixed because they 
represent the present contaminant and micro-organisms. In situ bioremedi-
ation can therefore be influenced by adapting the physical parameter v as 
different injection and extraction velocities can be imposed during bioreme-
diation, and by adapting the biochemical parameters kc, mc and CQ because 
different electron acceptors and electron acceptor injection concentrations 
can be chosen. These adaptable parameters are henceforth referred to as 
control parameters. We also consider R to be a control parameter because, 
depending on the chosen electron acceptor, the electron acceptor can also 
react with soil particles so that R can be seen as a relative retardation 
factor (R = Rg/Rc). 
For the reference case we consider a site polluted with a contaminant 
which is rather resistant to biodegradation. Therefore, the steepening effect 
of biodegradation that opposes dispersion is not dominant and the devel-
oped traveling wave front is rather spread out, as is shown in Figure 5.1. 
The control parameter values used to obtain Figure 5.1 are given in Table 
5.1 (ref). The parameter values that are the same for all calculations are 
given in Table 5.2. 
RESULTS 
Applicability of TS , r t t , Xs and Xa 
One of our aims is to determine whether the contaminant front shape 
should be considered during the assessment of the in situ bioremediation 




FIGURE 5.1. Semi-analytical contaminant (g), electron acceptor 
(c) and microbial mass (TO) front at t = 1000 days. 










































































TABLE 5.2. Parameter values that are the same for all calculations. 
9o fim m0 n ai 
2.0 5.0 5.0 0.05 0.1 0.4 0.005 200 
performance. Therefore, we vary the control parameters separately over 
a broad but plausible range of values and derive for each value r s , ra , 
Xs and Xa- To determine the influence of the front shape, we can either 
consider the difference between TS and r a or Xs and Xa since TS and Xs are 
derived using the contaminant front shape, whereas, ra and Xa are derived 
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using a plug flow approximation. In the following we will focus on the 
difference between ra and ra . The ratio of r s to ra , denoted by r* is used to 
determine this difference. If the traveling wave front shape is steep, it can 
be approximated by a shock front and TS is approximated by ra , i.e. r* = 1. 
If the traveling wave front is diffuse, it is poorly approximated by a shock 
front and TS and ra differ, i.e. r* > 1 or r* < 1. Whether or not the traveling 
wave front is diffuse depends on the balance between the spreading effect 
of dispersion and the steepening effect of nonlinear biodegradation [10, 5]. 
To assess whether TS or ra is more accurate, we carry out numerical 
simulations to determine the 99% remediation time, r n . Only two nu-
merical simulations per control parameter are performed (see Table 5.1) 
because the numerical simulations are very time consuming. For example 
for the reference case, on an AlphaStation 500/333 it requires 10 hours to 
determine r numerically, whereas it requires only 1 minute to determine r 
semi-analytically. To obtain r numerically, we solve the system of equation 
(5.1)-(5.3) as described by Keijzer et al. [5] and we choose the spatial dis-
cretization and time step such that the grid Peclet and Courant conditions 
are fulfilled to avoid numerical dispersion and numerical instabilities. This 
results in Ax = 0.025 m and At = 0.05 day. We compare the numerical 
99% remediation time divided by ra , denoted by r* , with r* . If both the 
numerical and semi-analytical 99% remediation time are larger or smaller 
than the analytical 99% remediation time, i.e. r* > 1 and r* > 1 or r* < 1 
and r* < 1, then the semi-analytical 99% remediation time is the best ap-
proximation. If both the numerical and semi-analytical 99% remediation 
time equal the analytical 99% remediation time, i.e. r* = 1 and T* — 1, 
then both the semi-analytical and analytical 99% remediation times are 
good approximations and it is sufficient to use a plug flow approximation. 
Figure 5.2 shows the ratio r* and the ratio T* for the simulations given 
in Table 5.1 as a function of the normalized control parameters. It can 
be seen that for small CQ or large kc or v values r* becomes larger than 
one. Large kc or small Co values indicate a limited microbial growth due 
to electron acceptor deficiency so less contaminant biodegradation occurs. 
Therefore, the steepening effect of biodegradation becomes less significant. 
Large v values, on the other hand, indicate fast flushing and the spreading 
effect of dispersion becomes more significant. For all these cases the con-
taminant front shape becomes more diffuse [5, 10]and more time is neces-
sary to remove 99% of the initially present contaminant, hence r* increases, 
i.e. TS and rQ differ. Furthermore, Figure 5.2 also shows that for these pa-
rameter values, i.e. small Co, large kc or v values, r* approximates T* very 
well. Therefore, it is necessary to determine the 99% remediation time 
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0.97 
Normalized parameters 
FIGURE 5.2. The ratio T* for different values of the control pa-
rameters kc, mc, Co, v and R which are normalized with respect 
to their reference value. The symbol x shows T* for the different 
numerical simulations. 
semi-analytically. For all other values of the control parameters, i.e. large 
Co, small kc, small v, all mc and R values, both r* and rn are close to one, 
i.e. the semi-analytical, analytical and numerical 99% remediation time are 
comparable. Even though the semi-analytical is a better approximation of 
r* it is sufficient to determine r analytically by a plug flow approximation. 
We conclude from Figure 5.2 that if the contaminant front shape is 
diffuse, the 99% remediation time should be determined semi-analytically. 
If this is not the case then a plug flow approximation is justified and r 
can be determined analytically. We emphasize that r s and ra can only be 
determined if the traveling waves develop before they reach the end of the 
domain. Oya and Valocchi [10] and Keijzer et al. [5] show that for very 
large kc or v values the traveling waves might not develop in time. But even 
for these values Figure 5.2 shows that the semi-analytical 99% remediation 
time approximates the numerical 99% remediation time better than the 
analytical one. 
Sens i t iv i ty analys is 
The in situ bioremediation characteristics r and x are used to assess the 
effect of transport , adsorption and biodegradation. Figure 5.3.a and b show 
rs and Xs as a function of the normalized control parameters. From Figure 
5.3.a it can be seen that increasing CQ or v, or decreasing mc or R result in 
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(b) 
FIGURE 5.3. Semi-analytically determined 99% remediation time 
TS (a) and ratio \ s (b) for different values of the control parameters 
kc, mc, Co, v and R which are normalized with respect to their 
reference value. 
decreasing m c or R results in an increase in the traveling wave velocity as 
follows from equation (5.15) and therefore in a decrease in r s . Furthermore, 
Figure 5.3.a shows tha t TS increases for large kc values, though the traveling 
wave is not affected by kc. This is a result of the electron acceptor deficiency 
which causes a more diffuse front [10, 5]. 
Figure 5.3.b shows tha t increasing Co or decreasing mc leads to a de-
crease in Xs- This is expected since this leads to an increase in the traveling 
wave velocity and more contaminant is flushed out. Though the traveling 
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FIGURE 5.4. Semi-analytically fraction of contaminant flushed 
out (solid line), fraction of contaminant biodegraded (dashed line) 
and ratio of contaminant biodegraded to flushed out (dotted line) 
at t = 2000 for the reference case. 
wave is not affected by kc, Xs decreases for large kc values because large kc 
indicate a limited microbial growth due to electron acceptor deficiency and 
less contaminant biodegradation occurs. 
The effect of v and R on Xs is more complex. Increasing v results in 
an faster traveling wave velocity and a faster supply of electron acceptor. 
Therefore both more contaminant is flushed out and more contaminant is 
biodegraded and thus Xs remains unaffected. This is confirmed by the ex-
pression of Xo) equation (5.16), that shows an independence of v. For large 
v values the contaminant front becomes more diffuse since the spreading ef-
fect of the dispersion dominates over the steepening effect of biodegradation 
and Xs decreases. 
R influences both biodegradation and flushing as R influences the trav-
eling wave velocity according to equation (5.15)and the amount of con-
taminant present in the aqueous phase. Notice that the traveling wave 
velocity is bounded by the original contaminant velocity (v/R) and the 
original electron acceptor velocity (v), v/R < a < v. We use Figure 5.4 
to explain the effect of R on Xs- It shows the fraction of contaminant 
biodegraded, flushed out and Xs at t = 2000 For R values close to one, 
the original contaminant velocity almost equals the original electron accep-
tor velocity, thus the overlap between contaminant and electron acceptor 
is small and the fraction of contaminant biodegraded is small. For larger 
values of R, the original contaminant velocity is smaller than the original 
electron acceptor velocity which implies a larger overlap and the fraction of 
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contaminant biodegraded increases. For even larger R values, the overlap 
still increases but only a small fraction of the contaminant is present in 
the aqueous phase which limits biodegradation. Hence, a R is found for 
which the fraction of contaminant biodegraded has a maximum. Such a R 
is also found by Oya and Valocchi [11] and Chiang et al. [1]. The effect 
of R on fraction of contaminant flushed out is rather straight forward. If 
R increases, the traveling wave velocity decreases and less contaminant is 
present in the aqueous phase. Hence, the fraction of contaminant flushed 
out decreases, see Figure 5.4. Both Figure 5.3.b and 5.4 show that Xs in-
creases as R increases because for small R values the contaminant removal 
is dominated by flushing and for large R values the removal is dominated 
by biodegradation. Again this effect is confirmed by the expression of Xa, 
equation (5.16), that shows Xa is proportional to R. 
The combination of Figure 5.3.a and b shows that an increase in CQ or a 
decreases in mc results in a decrease in r and an increase in x, hence a better 
in situ bioremediation performance is obtained. The control parameter kc 
has only a small effect on both TS and Xs, thus it has almost no effect on 
the in situ bioremediation performance. The injection velocity, on the other 
hand, has a large effect on r s which decreases when v increases, whereas it 
has almost no effect on Xs- If we are only interested in decreasing the 
remediation time, increasing v would be a good option. If we want to 
remove the contaminant by biodegradation, increasing v does not help. 
Furthermore, if we decrease R, both TS and Xs decreases, hence the in situ 
bioremediation performance might stay the same on change only a little. 
Performance 
Depending on the optimization feature of the in situ bioremediation 
performance, e.g. fast removal of contaminant, minimum use of electron 
acceptor, it is in principle feasible to identify an electron acceptor which 
is most suitable. If this electron acceptor is injected to enhance the bio-
degradation, the kc, mc and R values are no longer subjects of choice. The 
remaining two control parameters that can still be adapted are the injected 
electron acceptor concentration CQ and the injection velocity v. They are 
related with, respectively, the biodegradation rate, since electron acceptor 
deficiency limits the biodegradation, and the flushing of the contaminant. 
We consider the in situ bioremediation performance to be satisfactory 
if both fast removal of contaminant occurs and removal is dominated by 
biodegradation, i.e. if r s is small and Xs is large. To determine for which 
Co and v values the in situ bioremediation performance is satisfactory, we 
vary these two control parameters simultaneously. Figure 5.5 shows TS and 
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Xs a s a function of v and CQ. This figure can be used to determine whether 
the in situ bioremediation performance is limited by electron acceptor defi-
ciency or flushing and thus the feasibility of using in situ bioremediation to 
decreases the remediation time. Furthermore, it can be used to determine 
how we can improve the in situ biodegradation performance. The values 
of the other physical, chemical and biochemical parameter used to obtain 
Figure 5.5 are given in Table 5.1 (ref) and 5.2. 
Figure 5.5 shows tha t when the injected electron acceptor concentration 
is large and the imposed injection velocity is low, flushing limits the decrease 
in the 99% remediation time and removal of contaminant occurs mainly by 
biodegradation, i.e. r s and Xs are large. Increasing the imposed injection 
velocity results in an immediate decrease in the 99% remediation time since 
more flushing as well as biodegradation occurs because, respectively, more 
contaminant is flushed out of the domain and a faster supply of electron 
acceptor takes place. Since both flushing and biodegradation increases, the 
ratio Xs does not change immediately. If v increases even more, flushing 
starts to dominate over biodegradation and Xs decreases. When, on the 
other hand, the injected electron acceptor concentration is small and the 
imposed injection velocity is high, electron acceptor deficiency limits the 
contaminant biodegradation and thus the decrease in the 99% remediation 
time and removal of contaminant occurs mainly by flushing, i.e. TS is large 
and Xs is small. Increasing the injected electron acceptor concentration 
results in an immediate decrease in the 99% remediation time and increase 
in the ratio Xs since more biodegradation occurs. 
Furthermore, from Figure 5.5 it can be seen that the combination of 
a medium CQ and v leads to a small 99% remediation time but also to 
a relatively small Xs- Lets take, for example, CQ = 0.4 and v = 1.25 then 
TS =300 but Xs = 1-0. Thus the quantity of contaminant biodegraded equals 
the quantity of contaminant flushed out. If we want more contaminant to 
be removed by biodegradation, CQ has to be increased significantly. For 
example, if we want to obtain Xs — 2.0 instead of Xs = 1-0, we have to use 
a ten times larger injection concentration. Whether this is feasible depends 
on the solubility of the electron acceptor. 
We emphasize that we consider a specific polluted site for which spe-
cific values are chosen for all model parameters (Table 5.1 (ref) and 5.2). 
The results shown in Figure 5.5, will differ if one of these parameter values 
changes. Still we could create the same figure for other polluted sites, using 
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FIGURE 5.5. Semi-analytically determined 99% remediation time 
(solid lines) and ratio of contaminant biodegraded to flushed out 
(dashed lines) as a function of the injected electron acceptor con-
centration (CQ) and the injection velocity (v). 
determined rs and \s- In the same way as discussed above, we could deter-
mine how we can improve the in situ bioremediation performance at these 
sites. 
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CONCLUSION AND DISCUSSION 
We have considered steady-state flow in a one-dimensional saturated 
and homogeneous aquifer. The aquifer is polluted with an organic contam-
inant which is biodegraded if contaminant, electron acceptor and micro-
organisms are simultaneously present. To enhance the contaminant bio-
degradation the electron acceptor is injected which is called in situ biore-
mediation. The in situ bioremediation performance is characterized by 
a 99% remediation time, r , and a ratio of contaminant biodegraded to 
flushed out, x- We have shown that r and x c a n either be determined 
semi-analytically, using the semi-analytical solution of Keijzer et al. [6], or 
analytically, using a plug flow approximation. 
Using the semi-analytically and analytically determined 99% remedia-
tion time, respectively TS and ra , we assess whether the contaminant front 
shape should be taken into account. The results show that if a diffuse con-
taminant front shape develops, i.e. if CQ is small or kc or v is large, TS and 
ra differ. Using a numerically determined 99% remediation time, rn, we 
show that for such a diffuse contaminant front TS is more accurate than ra . 
Hence, the 99% remediation time should be determined semi-analytically. 
If, on the other hand, the contaminant front shape is rather steep, i.e. large 
Co, small kc, small v, all mc or all R values, TS , ra and r n are comparable and 
it is sufficient to determine the 99% remediation time analytically. Since no 
explicit range of Co, kc and v is found for which a diffuse front shape devel-
ops, it is better to determine r semi-analytically for all CQ, kc and v values. 
Especially because the determination of r s and Xs is not time consuming 
and they are better approximations for r and x than r a a n d Xa-
We consider the in situ bioremediation performance to be satisfactory 
if both fast removal of contaminant occurs and removal is dominated by 
biodegradation, i.e. if r s is small and Xs is large. Therefore, both TS and 
Xs are used to determine the influence of transport , adsorption and bio-
degradation on the in situ bioremediation performance and to determine 
how we improve the performance. If we consider these processes separately, 
we see that the injection velocity has a large effect on TS which decreases 
when v increases, whereas it has almost no effect on Xs- Thus if we are 
only interested in decreasing the remediation time, increasing v would be a 
good option but if we want to remove the contaminant by biodegradation, 
increasing v does not help. If adsorption decreases, i.e. R decreases, both 
TS and Xs decreases, hence the in situ bioremediation performance might 
stay the same on change only a little. An increase in CQ or a decrease in 
mc results in a decrease in r and an increase in x, hence a better in situ 
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bioremediation performance is obtained. Whereas, kc has only a small ef-
fect on both TS and Xs and thus a small effect on the in situ bioremediation 
performance. 
At a specific site contaminated with organic contaminant, an electron 
acceptor can be found for which fast removal of contaminant occurs and 
removal is dominated by biodegradation. Then the only two remaining con-
trol parameters are the injected electron acceptor concentration, CQ, and the 
injection velocities, v. The other parameters can be measured. We provide 
a figure that shows TS and x as a function of Co and v. Using this figure, we 
can determine whether the in situ bioremediation performance is limited by 
electron acceptor deficiency or contaminant flushing. It shows that if the 
injected electron acceptor concentration is large and the imposed injection 
velocity is low, flushing limits the performance. Whereas, if the injected 
electron acceptor concentration is small and the imposed injection veloc-
ity is high, electron acceptor deficiency limits the performance. We could 
create such figures for different polluted sites, using the semi-analytically 
determined r and \. 
Not only the performance but also the costs made during in situ biore-
mediation are an important factor. The costs strongly depend on the 
amount of electron acceptor injected and the injection velocity imposed. 
Large injected electron acceptor concentrations and large injection veloci-
ties may result in high remediation cost. If the involved cost are known for 
all possible combinations of injected electron acceptor concentrations and 
injection velocities, we could create an overlay for Figure 5.5. Using this 
overlay, we can determine for which injected electron acceptor concentra-
tion and which injection velocity the in situ bioremediation is satisfactory 
and the involved costs are minimal. 
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CHAPTER 6 
Stochastic analysis of nonlinear 
biodegradation and transport in 
heterogeneous aquifers 
H. Keijzer and S.E.A.T.M. van der Zee 
ABSTRACT 
Spatially variable hydraulic properties and biochemical processes influence 
the field scale transport of reactive solutes in physically heterogeneous 
aquifers. We consider a biodegradable contaminant and assume that het-
erogeneous advection, linear sorption and nonlinear biodegradation are the 
dominant processes. We apply the Lagrangian approach to determine the 
interaction between physical heterogeneity and nonlinear biodegradation. 
This approach relates the statistics of the hydraulic conductivity to the 
statistical moments of the biodegradable contaminant mass flux, e.g. the 
expected value and the standard deviation of the contaminant mass flux. 
We determine the changes in the expected contaminant mass flux due to 
variation of the degree of heterogeneity, the biochemical and the physical 
parameters. Pore-scale dispersion and molecular diffusion are neglected and 
we discuss the effect of this assumption on the expected contaminant mass 
flux. Furthermore, ergodic conditions are considered, the injection and ex-
traction area are large relative to the transverse integral scale. For ergodic 
conditions, the standard deviation equals zero which yields a lower limit. 
The upper limit of the standard deviation is found for complete nonergodic 
conditions and far-field transport. 
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INTRODUCTION 
Theoretical analysis and field test have revealed that spatially variable 
hydraulic properties (e.g. hydraulic conductivity, porosity) have a profound 
impact on the transport of solutes. Variation of one of these properties 
results in spreading of the solute. Additionally to the spatially variable 
hydraulic properties also biochemical reactions between solute and soil or 
other solutes may significantly affect the solute transport. For example, if a 
solute undergoes linear sorption, the solute is retarded, whereas, if it under-
goes nonlinear sorption, depending on the initial and boundary conditions, 
the transport of the solute can be described by either self-sharpening or by 
self-spreading (rarification) waves [14, 20, 32]. The self-sharpening or trav-
eling waves are also found for solutes that undergo nonlinear biodegradation 
[23, 27]. 
To study reactive transport in physically heterogeneous aquifers, one 
of the hydraulic properties maybe regarded as a random space function 
(RSF). As a result, the fluid velocity and solute concentration are also 
RSFs. Dagan et al. [12], Cvetkovic et al. [10] and Cvetkovic and Dagan 
[7, 8, 14] have developed the Lagrangian approach that relates the statistics 
of the hydraulic conductivity to the statistical moments of the mass flux. 
In this approach, the transport of reactive solutes is viewed as taking place 
along a set of random trajectories where the solute mass is advected and 
subjected to biochemical processes and pore-scale dispersion and molecular 
diffusion are neglected. The statistics of the trajectories and the reactive 
solute distribution are used to determine an expression for the statistical 
moments of the mass flux of the reactive solute in a heterogeneous aquifer 
at a specific control plane. The statistics of the trajectories are related to 
the statistical moments of the hydraulic conductivity via probability den-
sity functions (pdf) and the distribution of the reactive solute along one 
trajectory is determined using the Eulerian mass balance equations. These 
Eulerian equations are transformed to a Lagrangian form as described by 
Cvetkovic and Dagan [7] and hold along a trajectory. Hence, the resulting 
equation are essentially one-dimensional and can be solved either numeri-
cally or analytically. Destouni [15] and Destouni and Graham [16] extend 
the approach such that it is also applicable to heterogeneous soils instead 
of aquifers only. 
The Lagrangian approach is applied to conservative solutes, [10, 12, 
30], however, many subsurface solutes undergo biochemical reactions such 
as sorption and biodegradation. Cvetkovic and Shapiro [9], Selroos and 
Cvetkovic [28], Dagan and Cvetkovic [13], and Selroos and Cvetkovic 
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extend the Lagrangian approach to linear sorption kinetics, whereas Sim-
mons et al. [31], and Berglund and Cvetkovic [2] extend it to nonlinear 
sorption. Both linear sorption kinetics and nonlinear sorption in heteroge-
neous formations are considered by Cvetkovic and Dagan [7, 8], and Da-
gan and Cvetkovic [14]. Recently, stochastic approaches were also applied 
to nonlinear biodegradable solutes [19, 21, 33]. Ginn et al [19] are the 
first to apply the Lagrangian approach to nonlinear biodegradation with 
microbial growth. They consider a single limiting substrate and a micro-
organism population, hence no electron acceptor is necessary to trigger 
the biodegradation reaction. A numerical method and an approximate an-
alytical method are used to determine the distribution of the substrate 
over the stream tube. They compare their developed stochastic approach 
(SCR) and convective-dispersive reaction (CDR) simulations with effec-
tive Fickian dispersion coefficient with 2D Monte Carlo calculations in a 
heterogeneous field. The results show that the CDR significantly overesti-
mates the effect of the reactive sink while the SCR accurately duplicates 
the ensemble-averaged reactive transport breakthrough. Xin and Zhang 
[33] use a stochastic approach to study the spatial instead of the tempo-
ral moments of a biodegradable solute. They derive analytical solutions 
for the mean and variance of the solute resident concentration under an 
explicit condition on the growth and decay rates of biomass and they con-
sider the porosity to be the spatially variable parameter. Kaluarachchi et 
al. [21] apply the Lagrangian approach to nonlinear biodegradation, tak-
ing into account a second electron acceptor, nitrate besides oxygen. They 
assume that first oxygen is used as electron acceptor. When the oxygen 
concentration reaches a threshold concentration nitrate takes over. To de-
termine the distribution of the contaminant and electron acceptors, they 
use a numerical operator splitting technique. In their study, they focus on 
the influence of the presence of nitrate on the biodegradation of the con-
taminant. The results show that the presence of nitrate positively influence 
the remediation. 
The work in this paper is closely related to the work of Ginn et al. [19], 
Xin and Zhang [33], and Kaluarachchi et al. [21]. Whereas Ginn et al. 
[19] do not consider an electron acceptor, we as well as Xin and Zhang [33] 
and Kaluarachchi et al. [21] assume that an electron acceptor is needed to 
trigger the biodegradation. Kaluarachchi et al. [21] even consider a second 
electron acceptor and use a numerical method to determine the contami-
nant distribution along a trajectory. Xin and Zhang [33], on the other hand, 
use an analytical solution, assuming nutrient-deficient conditions and/or a 
microbial growth rate smaller than the microbial decay rate, to determine 
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an expression for the averaged solute resident concentration and its vari-
ance. In this paper we use the semi-analytical solution of Keijzer et al. [24], 
assuming a microbial decay rate much smaller than the microbial growth, 
to determine an expression for the averaged contaminant mass flux in a 
heterogeneous aquifer. Using this averaged contaminant mass flux, we as-
sess the interaction between heterogeneity and nonlinear biodegradation. 
Furthermore, we discuss the influence of the assumptions made in the ap-
plied Lagrangian approach, e.g. neglecting of pore-scale dispersion and 
molecular diffusion and considering ergodic conditions. 
P R O B L E M FORMULATION 
Heterogeneous aquifer 
We consider fluid flow through a three-dimensional physically hetero-
geneous aquifer where the hydraulic conductivity is spatially variable. The 
hydraulic conductivity K = K(x) is regarded as a statistically stationary 
RSF. The Eulerian velocity V(V\, V2, V3) is related to K, the porosity and 
the hydraulic head through Darcy's law, hence, V is also a RSF. We as-
sume a stationary velocity flow which is parallel to the x\ coordinate axis 
and a constant porosity and hydraulic head. Therefore, the fluctuations in 
V are the result of the fluctuations in K only, and the mean velocity given 
by (V) — U — (U, 0,0) with U = (Vi) is parallel to the x\ coordinate axis. 
Field data [11, 18] demonstrated that the hydraulic conductivity can 
be assumed to be lognormally distributed, K(x) = Koexp(Y), where KQ 
is the geometric mean of K and Y is normally distributed iV(0, Oy). Y 
is assumed to be described by the axisymmetric covariance model with an 
exponential covariance function, 
Cy(r) = 4 e x p ( - r ) , (6.1) 
where r 2 = (r2 + r^/I2 + r%/I$, I is the integral scale in the horizontal 
plane and I3 is the integral scale in the vertical direction. 
Transport and Nonlinear biodegradation 
We consider a biodegradable contaminant and assume that heteroge-
neous advection, linear sorption and nonlinear biodegradation are the dom-
inant processes that influence the transport of this contaminant. Thus, 
pore-scale dispersion and molecular diffusion are neglected, assuming that 
the effect of the dispersive mechanism, which occurs at scales smaller than 
those characterizing the hydraulic conductivity variability is of lesser impor-
tance than the spreading mechanism caused by large-scale heterogeneity. 
We discuss the effect of this assumption in the discussion. Moreover, we 
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assume that the contaminant with concentration g can only be biodegraded 
by indigenous micro-organisms with concentration m if an electron accep-
tor or electron donor with concentration c is present. The contaminant 
is assumed to be a mobile reversible linearly-sorbing compound and the 
electron acceptor is assumed to be mobile and non-sorbing, e.g. oxygen 
or nitrate, or reversible linearly-sorbing. The retardation factor of c, Rc, 
should be smaller than the one for g, Rg otherwise no overlap between the 
contaminant and electron acceptor takes place, hence no biodegradation 
occurs [27]. Assuming that the micro-organisms form biofilms around soil 
particles, they are considered immobile. The microbial growth depends 
nonlinearly on the contaminant and electron acceptor concentration and is 
modeled by Monod kinetics [26]. 
The resulting Eulerian advection-reaction equation for the contaminant 
and the electron acceptor, and the microbial growth equation are [24] 





where R denotes the relative retardation factor, Rg/Rc, and mc [mgc mg"1] 
and mg [mgfl mg"1] denote the stoichiometric parameters which describe, 
respectively, the ratios of consumed electron acceptor and organic contam-
inant to newly formed micro-organism. The parameters in equation (6.4) 
are the maximum specific growth rate, fim [day-1] , and the dissolved elec-
tron acceptor and organic contaminant half saturation constants, kc [mg 
r 1 ] and kg [mg l"1] . 
Initially, at t = 0, contaminant and microbial mass are homogeneously 
distributed over the aquifer with contaminant concentration, go [mg 1_1] 
, and microbial background mass, rao [mg l"1] . The electron acceptor 
concentration is the limiting factor for biodegradation, and it is initially 
equal to zero: 
c = 0, g = go, m = mo for x\ > 0 at t = 0. (6.5) 
The electron acceptor is injected to enhance biodegradation, hence constant 
electron acceptor and contaminant concentrations are imposed at the inlet 
of the domain. 










cj \kg + g 
(6.3) 
= l*m [ T^T- ) I 1 - T - I m> (6 '4) 
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At the outlet, purely advective mass fluxes for electron acceptor and con-
taminant are considered, 
dc do 
•7T- = 0. — -^ = 0 for t > 0 at xi = L. (6.7) 
dx\ dx\ 
As pore-scale dispersion and molecular diffusion are neglected, the La-
grangian approach [7, 8, 10, 12, 13] can be applied to determine the aver-
aged contaminant mass flux in a heterogeneous aquifer. In this approach 
the distribution of the contaminant along a trajectory should be known. 
To determine this distribution, we transform the above system of equa-
tions (6.2)-(6.4) onto a random stream tube centered on xi = rj, x$ = C, 





where now t and the travel time r (= X\/U) are the independent variables, 










A* ( C )( 9 
^
m
 \kc + c) \kg + g 
c(r,0) = 0, 
c(0,t) = co, 
i<^>=°-
g(i~,0) = go, 
g(0,t) = 0, 
dg ,L . 
m(r,t) =m0, 
(6.11) 
In case pore-scale dispersion and molecular diffusion are not neglected, 
Oya and Valocchi [27] and Keijzer et al. [23] show numerically that in 
homogeneous aquifers traveling waves may develop for the contaminant, 
electron acceptor and microbial mass. Assuming that this traveling wave 
behavior has developed, Keijzer et al. [24] derive semi-analytical solutions 
that describe the distribution of the contaminant and electron acceptor con-
centration and the microbial mass. To determine these distributions, they 
transform the system of equations into a nonlinear second order ordinary 
differential equation (ODE) system, using two newly defined functions of 
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1400 
FIGURE 6.1. The breakthrough curves at x\ = 100m for different 
values of on. Solid line: on = 0.2m, dashed line: a; = 0.05m, 
dotted line: on = 5.0-10 3m, dashed-dotted line: a; 
and long-dashed line: on = 5.0 • 10~9m. 
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The nonlinear second order ODE system is solved using an iterative proce-
dure. In each iteration step, u and w are determined by Newton's method. 
After the iteration, the function u is integrated numerically from a reference 
point with a designated chosen c. Therefore, the solutions are unique up to 
a constant translate which is determined by mass balance considerations. 
Figure 6.1 shows the semi-analytically determined breakthrough curves 
(BTC) of the biodegradable contaminant at the CP, x\ = 100m, for dif-
ferent dispersivities a/ which characterizes the pore-scale dispersion. The 
other physical and biochemical parameter values used to obtain this figure 
are given in Table 6.1. For these parameter values, the biodegradation is 
limited by the microbial growth and the presence of the electron acceptor 
since, respectively, fxm is small and kc is large. Hence, the resulting break-
through curve is rather spread [25]. It can be seen that decreasing the 
dispersivity below 0.005 m has no effect on the breakthrough curve. Hence, 
the semi-analytical solution of Keijzer et al. [24] with a; < 0.005 corre-
sponds excellently with the solution of the system of equations (6.8)-(6.10) 
with zero pore-scale dispersion and no molecular diffusion. 
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Contaminant mass flux 
In the following we only determine the averaged contaminant mass flux, 
observing that the same procedure can be applied for the averaged electron 
acceptor mass flux. The contaminant mass flux at a point in the CP is 
defined by Dagan and Cvetkovic [14] 
q = ng(T,t)Vi(x1;a) (6.14) 
where g(r, t) results from equation (6.8) and a is a point in the injection 
plane (IP) where the solute particle starts from. We use the Eulerian fluid 
continuity equation V\dA = VQHAQ, where VQ is the x\ component of the 
fluid velocity in the IP with area AQ, and equation (6.14) to derive the 
contaminant mass flux Q through the entire CP with area A [14] 
Q(t;x1)= [ qdA= f ng(T,t)V0(a)dA0. (6.15) 
J A JAo 
A deterministic evaluation of Q from (6.15) is feasible if VQ and r are known 
functions of a for all points within AQ. Because VQ and r are RFSs, Q can 
not be evaluated in a deterministic manner. Hence, Q is characterized by 
its statistical moments. The expected contaminant mass flux through the 
entire C P at x\ is given by, see Cetkovic and Dagan [14], 
(Q(t;xi)) (Qo) r 
Jo 
9(-r,t)gi{T;xi)dT, (6.16) 
where (Qo) = nUAo is the mean fluid discharge through AQ or A, and 
9I(T;XI) denotes the probability density function of travel time derived 
by Cvetkovic and Dagan [8], see appendix. Because the reaction along a 
trajectory does not depend on the spatially variable advection, separate 
expressions for these processes are used in equation (6.16), i.e. g(r,t) and 
9\{T\xi), respectively. If g(r,t) and g\(r\xi) are known, (Q{t\x\)) can be 
obtained with a single numerical integration. 
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If the ergodic hypothesis is valid, which is the case if AQ and A are 
sufficiently large relative to the transverse integral scale I3, then Q = (Q). 
If transport is nonergodic, equation (6.16) represents a best estimate of the 
field-scale contaminant mass flux. Berglund [1] quantifies the uncertainty 
in {Q) as 
OQ(t;xi) = (nU)2 / / / / g(T,t)g(T',t)g2(T,T,;x1,a,a')dTdT'dada' 
- (Q(t;Xl))2 (6.17) 
where g2 is defined in analogy with g\. Whereas for g~\ an analytical ex-
pression is derived [8], an analytical expression for g2 remains to be found. 
Berglund [1] discusses that <7Q(£;XI) = 0 when the ergodic hypothesis is 
valid and defines an upper limit for <JQ(£; X\) assuming complete nonergodic 
conditions and far-field transport (x\ ^> I). In the discussion we determine 
this upper limit for our problem. 
RESULTS 
If we consider a heterogeneous site contaminated with a specific organic 
contaminant and we assume that indigenous micro-organism populations 
are present that can biodegrade the contaminant, some of the physical and 
biochemical parameters are fixed as we consider that we can not influence 
their values. We assume that the physical parameter n is fixed. Further-
more, the biochemical parameters kg, mg, go, fim and mo are fixed because 
the contaminant and micro-organisms present are known. The values of 
these fixed parameters are given in Table 6.1. The physical parameters 
X\ and U can be adapted as, respectively, different observation points and 
injection velocities can be imposed, and the biochemical parameters kc, 
mc and CQ can be adapted because different electron acceptors at different 
injection concentrations can be injected. These physical and biochemical 
parameters are from now on referred to as control parameters and their 
values for the reference case are given in Table 6.1. We also consider that 
the relative retardation factor R is a control parameter because R depends 
on the chosen injected electron acceptor [25]. 
The transport and nonlinear biodegradation takes place in heteroge-
neous aquifers. The degree of heterogeneity depends on the parameters 
that determine the statistics of the hydraulic conductivity, i.e. a\, I and 
e = I3/I. The integral scale / and the anisotropy ratio e are kept constant 
at, respectively, 1 m and 0.2. The variance ay varies from 0.0 to 1.0, to 
mimic homogeneous to strongly heterogeneous aquifers. 
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FIGURE 6.2. The breakthrough curve of a conservative solute 
(dashed line) and a nonlinear biodegradable contaminant (solid 
line) in a homogeneous aquifer. 
To compare results, we scale the expected mass flux, length and time 
variables to dimensionless variables, using 




(Qo)go L r ' I 
with a the dimensionless traveling wave velocity which is given by [24] 
1 + ego 
a 
TUgCQ 
i I r>mcg0 
(6.18) 
Effect of nonlinear biodegradation 
We briefly show the influence of nonlinear biodegradation on the trans-
port of a biodegradable solute. Figure 6.2 shows the breakthrough curve 
of a conservative solute and a biodegradable contaminant at x\ = 100 in 
a homogeneous aquifer. Comparing these breakthrough curves, we observe 
that the conservative solute reaches the CP earlier than the biodegrad-
able contaminant. Hence, nonlinear biodegradation causes retardation as 
is found by Oya and Valocchi [27] and Keijzer et al. [23]. Furthermore, the 
breakthrough curve of the conservative solute shows a plug flow behavior as 
pore-scale dispersion and molecular diffusion are neglected and no spread-
ing occurs. The breakthrough curve of the biodegradable contaminant is 
more gradual and depends on the biochemical parameter values used, see 
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FIGURE 6.3. The expected normalized contaminant mass flux, 
breakthrough curve, for a homogeneous aquifer (solid line) and 
two heterogeneous aquifers (crY =0.1: dashed line and aY =0.1: 
dotted line). 
Effect of heterogeneity and nonlinear biodegradation 
To assess the interaction between physical heterogeneity and nonlinear 
biodegradation, we compare the dimensionless averaged contaminant mass 
flux (Q1) as a function of time under homogeneous and heterogeneous con-
ditions for different values of the physical and biochemical control parame-
ters. Under ergodic conditions {Q1} is also referred to as the breakthrough 
curve [14]. First, we consider the influence of the degree of heterogeneity. 
Figure 6.3 shows the breakthrough curves of the reference case for a ho-
mogeneous aquifer (aY = 0.0) and two heterogeneous aquifers (aY = 0 . 1 
and Oy = 1.0). It can be seen that incorporation of heterogeneity leads 
to a spreading of the breakthrough curve which is also found by Berglund 
and Cvetkovic [2] for nonlinear sorption, and by Xin and Zhang [33] and 
Kaluarachchi [21] for nonlinear biodegradation. 
Secondly, we vary one of the biochemical control parameters for the 
same homogeneous and heterogeneous aquifers. Depending on the chosen 
electron acceptor, kc, mc and R have specific values and the injection con-
centration, Co, depends on the solubility of the injected electron acceptor. 
Figure 6.4.a-d show the breakthrough curves for three different values of 
kc, mc, R and CQ, respectively. It can be seen that in the homogeneous 
formation the breakthrough curve is more spread for increasing kc or R 
or decreasing mc or Co, which is also found by Oya and Valocchi [27] and 
Keijzer et al. [25] for the contaminant front. Incorporation of heterogeneity 
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(b) 
FIGURE 6.4. The expected normalized contaminant mass flux for 
a homogeneous aquifer aY = 0.0 and two heterogeneous aquifers 
(erf- = 0.1 and aY = 1.0) for different values of the biochemical 
control parameters, (a) Different values for kc: kc = 0.2 mg/1 
(solid line), kc = 1.0 mg/1 (dashed line) and kc = 5.0 mg/1 (dotted 
line), (b) Different values for mc: mc = 0.2 mg/mg (solid line), 
mc = 1.0 mg/mg (dashed line) and mc = 5.0 mg/mg (dotted 
line). 
results in a smaller difference in breakthrough curves for varying kc, mc, R 
or Co separately. For a stronger degree of heterogeneity (<7y = 1.0) there is 
no significant difference in the breakthrough curves anymore. 
If necessary the imposed injection velocity can be increased, although 
not to an arbitrary value as it is restricted by the soil type. Therefore, we 
vary V\ and Figure 6.5 shows the breakthrough curves for three different 
values of V\. For the homogeneous aquifer the breakthrough curve is more 




FIGURE 6.4. (Continued.) (c) Different values for R: R = 1.03 
(solid line), R = 3.0 (dashed line) and R = 15.0 (dotted line), (a) 
Different values for CQ: kc = 2.0 mg/1 (solid line), CQ = 10.0 mg/1 
(dashed line) and CQ = 50.0 mg/1 (dotted line). 
If we compare the breakthrough curves for all the biochemical control 
parameters and Vi, see Figure 6.4.a-d and 6.5, we gain a remarkable insight. 
For strongly heterogeneous aquifers (e.g. a\ = 1.0) there is no difference 
between the obtained breakthrough curves. So the shape of the break-
through curve is determined by heterogeneity. Furthermore, we have to be 
aware tha t the results in Figure 6.4.a-d and 6.5 are given in dimensionless 
form. For that reason, time is scaled with the traveling wave velocity (all). 
The biochemical control parameters mc, R and Co, and the physical con-
trol parameter V\ influence this traveling wave velocity, see equation (6.18), 
decreasing mc or R, or increasing CQ or V\ results in an earlier breakthrough. 
Finally, the position of the control plane x\ may equally be of interest 
for a contaminated site. To determine the influence of x\ on the shape of 
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FIGURE 6.5. The expected normalized contaminant mass flux for 
a homogeneous aquifer ay = 0.0 and two heterogeneous aquifers 
(<jy =0 .1 and a\ = 1.0) for three different values of the injection 
velocity. Solid line: V\ = 0.02 m/day, dashed line: V\ = 0 . 1 
m/day and V\ = 0.5 m/day. 
the breakthrough curve developed in the homogeneous and the two het-
erogeneous aquifers, we derive the temporal moments associated with the 
breakthrough curve. Dagan and Cvetkovic [14] quantify the mean mass 
arrival time by the first temporal moment 
r 
Jo 
- ( W S i s » A dt (6.19) 
The spreading of the breakthrough curve around (T) is quantified by the 
second central temporal moment [14] 
/•oo 





Figure 6.6 shows (T) and E ^ as a function of the C P position x[. As 
expected, we observe that the mean mass arrival time increases linearly 
with x[ for all formations. The mean mass arrival time is only slightly re-
tarded for the heterogeneous formations. For the homogeneous formation, 
the spreading of the breakthrough curve is independent of x[ since a trav-
eling wave developes [23, 27]. On the other hand, for the heterogeneous 
formations, the spreading of the breakthrough curve has a linear depen-
dence on x[ which is characteristic for a diffusion process, hence, a Fickian 
behavior is found. Furthermore, Figure 6.6 clearly shows that an increase 
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FIGURE 6.6. The mean mass arrival time ((T)) and the spreading 
around (T) (Ey) as a function of t' for a homogeneous a\ = 0.0 
(solid line) and two heterogeneous aquifers, dy = 0.5 (dashed 
line) and 0y = 1.0 (dotted line), respectively. 
in the degree in heterogeneity results in a spreading of the breakthrough 
curve as was also shown in Figure 6.3. 
DISCUSSION 
Effect of pore-scale dispersion 
In the applied Lagrangian approach pore-scale dispersion is neglected. 
Fiori [17] has shown that for a conservative solute pore-scale dispersion 
has only a minor impact on the longitudinal macrodispersion for most field 
situations. Berglund and Fiori [3] performe a temporal moment analysis 
to show that linear sorption kinetics decrease the effect of pore-scale dis-
persion on the field-scale transport characteristics (temporal moments) as 
compared to the nonreactive case. They note that their results are associ-
ated with a single linearly sorbing solute, hence more pronounced effects of 
pore-scale dispersion can be expected in other cases. This is the case, for 
example, if mixing of interacting compounds occur [22], or if the reaction 
is controlled by transverse mixing in steady state flow fields [6] as is the 
case in bioremediation. 
Cirpka and Kitanidis [5] determine the influence of pore scale dispersion 
comparing the temporal moments of the local breakthrough curve to the 
spatially integrated breakthrough curves. They show that at very large 
travel distances x\^> I pore-scale dispersion can be neglected. For smaller 
distances, they develop the advective-dispersive stream tube approach to 
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include pore-scale dispersion. This approach differs in two aspects from 
the Lagrangian approach. First, data of a tracer, that undergoes pore-scale 
dispersion in a heterogeneous aquifer, is used to determine the travel time 
pdf and an apparent Peclet number of mixing. Secondly, in the derivation of 
the solute distribution along a stream tube both advection and longitudinal 
dispersion are accounted for. Cirpka and Kitanidis apply this approach 
to mixing-controlled reactive transport [4] and show that the Lagrangian 
approach leads to an underestimation of the reaction rate, whereas the 
breakthrough curve of the advective-dispersive stream tube approach show 
an excellent overall agreement with numerical 2D calculations. 
In our reference case x\ = 100m and / = lm, i.e., x\^> I and neglecting 
pore-scale dispersion is justified. If X\ were small, we could apply the 
advective-dispersive stream tube approach. The only difficulty would be 
the determination of the travel time pdf as no analytical expressions are 
given for the temporal moments of the travel time. Therefore, Cirpka and 
Kitanidis [4] determine these temporal moments numerically. The inclusion 
of longitudinal dispersion in the one-dimensional calculations is easily done 
by including the apparent Peclet number of mixing in the semi-analytical 
solution of Keijzer et al. [24]. Considering the result of Cirpka and Kitanidis 
[4], we expect that our results underestimate the biodegradation rate as we 
neglect pore-scale dispersion, in case x\ is small. 
Effect of nonergodic conditions 
If A or AQ are small relative to the transverse integral scale .Z3 then 
transport is nonergodic. The uncertainty arising in nonergodic transport 
can be quantified by means of the variance of the contaminant mass flux, see 
equation (6.17). Since no analytical expression for 52 has been found yet, 
we determine a lower and upper limit of OQ. The OQ in ergodic transport 
equals zero which yields the lower limit. The OQ in complete nonergodic 
transport yields the upper limit [1]. Complete nonergodic conditions imply 
that the whole contaminant plume is contained within a single stream tube. 
Hence, the transport domain consists of one stream tube. Moreover, if far-
field transport, x\ 3> / is considered, Berglund [1] shows that the variance 
of the contaminant mass flux can be simplified to equation (A9) given in 
the Appendix. 
To determine the upper limit of a%, we use the one-particle pdf g(r; x\) 
which is obtained by neglecting the correlation between r and VQ, see equa-
tion (A12) in the Appendix. Figure 6.7 shows the expected normalized 
contaminant mass flux and the standard deviation of the normalized con-
taminant mass flux for two degrees of heterogeneity. The results were 
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FIGURE 6.7. The expected value and the standard deviation 
of the normalized contaminant mass flux for two heterogeneous 
aquifers, <J\ = 0.5 (solid lines) and a\ = 1.0 (dashed lines). 
obtained by using the reference case parameter values given in Table 6.1. 
As x\ — 100m and / = lm the far-field assumption is applicable. 
From Figure 6.7, we observe that the standard deviation approaches 
a constant values when t —> 0. Berglund [1] evaluates this constant as 
° Q ( * —> 0) = ayy/He) which equals 0.62 and 0.88 for a\ = 0.5 and 
>Y — 1.0, respectively, thus this evaluation is applicable. For ay = 0.5, <T'Q 
increases with time to reach a maximum, which coincides with the largest 
slope in the curve for (Q1). This peak behavior is not found for a higher 
degree of heterogeneity. Furthermore, the standard deviations show a more 
distinct tailing than their associate expected values. The difference in tail-
ing between (Q1) and G'Q is smaller for the smaller degree of heterogeneity. 
Hence, increasing the degree of heterogeneity results in an increase in un-
certainty. 
SUMMARY AND CONCLUSIONS 
We studied the interaction between flow heterogeneity and nonlinear 
biodegradation, using the Lagrangian approach to determine the expected 
normalized contaminant mass flux. In the approach, the semi-analytical 
solution of Keijzer et al. [24] is used to derive the distribution of the 
contaminant along a stream tube. 
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The effect of heterogeneity is illustrated by using reference case values 
for the biochemical and physical parameters and by considering a homo-
geneous and two heterogeneous aquifers. The results showed that hetero-
geneity leads to a spreading in the breakthrough curve. Moreover, if the 
degree of heterogeneity is high, e.g. aY = 1.0, variation of the biochemical 
or physical control parameters has no effect on the resulting breakthrough 
curves. Hence, for strongly heterogeneous aquifers the shape of the break-
through curve is controlled by heterogeneity and not by the values of the 
control parameters. 
A key parameter of in situ bioremediation is the 99% remediation time, 
which is the time at which 99% of the initially present contaminant is either 
biodegraded or flushed out of the domain of interest. For a homogeneous 
aquifer, the 99% remediation time depends on the value of the biochemical 
and physical control parameters as is shown by Keijzer and van der Zee [25]. 
For strongly heterogeneous aquifers, the shape of the breakthrough curve is 
determined by the heterogeneity, hence, the 99% remediation time depends 
on the degree of heterogeneity. Moreover, for the parameters that influence 
the traveling wave velocity, e.g. mc, R, CQ and V\, we have to rescale the 
normalized 99% remediation time to obtain the real 99% remediation time. 
We determined the influence of the control plane position on the break-
through curve, using the temporal first and second central moment, i.e. 
the mean mass arrival time and the spreading around this time, respec-
tively. The results showed that the constant front velocity developed in 
the heterogeneous formations is slightly retarded compared to the travel-
ing wave velocity developed in the homogeneous formation. Moreover, the 
spreading of the breakthrough curve in the heterogeneous formations has a 
linear dependence on the control plane position, hence a Fickian behavior 
is found. 
In the Lagrangian approach, two important assumptions were made: 
pore-scale dispersion and molecular diffusion are neglected and ergodic 
conditions are assumed. Neglecting pore-scale dispersion and molecular 
diffusion is justified if the length of the domain (xi) is large relative to the 
longitudinal integral scale (/). In our reference case X\ = 100m and I = lm, 
hence, pore-scale dispersion and molecular diffusion may be neglected. If 
x\ would be small, we could apply the advective-dispersive stream tube ap-
proach of Cirpka and Kitanidis [4]. They applied this approach to mixing-
controlled reactive transport and showed an excellent agreement between 
the results of the advective-dispersive stream tube approach and numerical 
2D calculations. 
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The ergodic hypothesis is valid, if A and Ao are large relative to the 
transverse integral scale 1%. If ergodic conditions hold, the uncertainty of 
the expected contaminant mass flux, GQ, equals zero which can be seen 
as the lower limit. The upper limit of OQ can be found in case complete 
nonergodic conditions hold, then the whole plume is contained within a 
single stream tube. In case also far-field transport is assumed, i.e. x\ 3> 
I, an analytical expression for OQ can be found, see the Appendix. The 
determined standard deviation for the reference case showed that increasing 
the degree of heterogeneity resulted in a larger OQ and a larger difference 
between (Q) and OQ. 
A P P E N D I X 
For the evaluation of the expected contaminant mass flux, we need to 
determine the pdf of travel time g\ (r; x{) which is defined by 
9I{T-,X1) = — VogVr,i(V0,T-xi)dV0. (Al) 
U Jvo 
Cvetkovic and Dagan [8] use a first-order expression to derive the pdf 
9I(T;XI), which restricts the applicability to low degrees of spatial vari-
ability. It is strictly valid for a\ <C 1. However, a comparison of analytical 
and numerical results by Selroos and Cvetkovic [29] showed that the first-
order results are robust for a variability at least as large as ay = 1 The 
expression for g(r;xi) given by Cvetkovic and Dagan is 
d (x\ — UTS 
^ ^ = HiHjy u + (xi - UT)D0 X 11 Br V 1/XT1 
1
 expJ^zEil), m 
V2i ' \ 2X„ 




[T'b + exp(-T'b)-l], (A3) 
= [1 - exp(-T'b)}. (A4) 
In these functions, r ' is the dimensionless travel time, r ' = TU/I and e is 
the anisotropy ratio, e = I3/I. The function b is given by 
t / , , 19e 2 -10e 4 e ( 1 3 - 4 e 2 ) s m - 1 ( V l - e 2 ) n ^ ^ 1 . . . . 
b(e) = H T-Z r?r , — -, 0 < e < 1. (A5) 
V ;
 ^ 16(e2 - 1 ) 2 l G x / T ^ C e 2 - l ) 2 ' - - V ; 
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For the evaluation of the variance of the contaminant mass flux for 
nonergodic conditions we need to determine the pdf g<t which is defined in 
analogy with g\ 
S2(T,r ' ;xi,o,o') = ^2 / / V0VogVT^(Vo,Vo,T,T';xi,a,a')dV0dV^ (A6) 
Since for complete nonergodic conditions the transport domain consists of 
one streamtube, the joint pdf of VQ and r at two different points in AQ, 
9VT,2 can be written as [1, 10] 
5«T,2(Vb,V^/,r,T/;si,a,o') = ^w,i(Vb,r;xi)(5(Vo - Vb')<y(r-r/). (A7) 




Q(t;Xl) = (nUA0)2 J J ^{g{T,t)fgVT^{VQ,T-xl)dV0dT 
- (Q(t;Xl))2. (A8) 
For far-field transport, x\ 3> / , VQ and r are uncorrelated and equation 
(A8) changes into [1] 
4 ( t ;
 Xl) = (nUA0)2^^ J^g(r, t))2g(r; xx)dr - (Q(t; Xl))2, (A9) 
where 
^ - ^ = ^ + 1 = °2yb(e) + 1, (A10) 
and (Q(t;x\)) is the expected contaminant mass flux obtained with the 
far-field approximation which yields 
/ •oo 
(Q(t;x1)) = (Q0) g(T,t)g(T;Xl)dT. (All) 
Jo 
Furthermore, g(r;xi) results from equation (A2), considering that VQ and 
r are uncorrelated, hence DQ = 0 
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CHAPTER 7 
General conclusions 
The numerical simulations show that if an electron acceptor is injected 
into a domain contaminated with an organic contaminant, three regimes 
of electron acceptor consumption can be distinguished, e.g. a low electron 
acceptor consumption regime, an intermediate regime and a fast electron 
acceptor consumption or traveling wave regime. The results in the first 
regime can be approximated by first order biodegradation. For the travel-
ing wave regime, semi-analytical expressions are derived that approximate 
the developed traveling wave velocity and front shapes. With these semi-
analytical expressions it is shown that the control parameters mc, CQ, V and 
R influence the traveling wave velocity and kc, CQ and v strongly influence 
the traveling wave front shape. In case a specific electron acceptor is cho-
sen to remediate the aquifer, the only adjustable control parameters are the 
injection concentration CQ and the injection velocity v. Results show that 
by varying these two parameters, the in situ bioremediation performance 
can be influenced and optimized. If a physically heterogeneous aquifer 
instead of a homogeneous aquifer is considered, the derived Lagrangian 
approach can be used to determine the normalized averaged contaminant 
mass flux which equals the breakthrough curve under ergodic conditions. 
For a strongly heterogeneous aquifer the developed breakthrough curve 
shape is controlled by the degree of heterogeneity and not by the value of 
the control parameters. Hence, the performance of in situ bioremediation 
in a heterogeneous formation depends on the degree of heterogeneity and 
the developed traveling wave velocity. 
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Samenvatting 
ACHTERGROND 
In de Nederlandse bodem worden regelmatig anorganische en organische 
verontreinigingen aangetroffen die daar terecht zijn gekomen door toedoen 
van de mens. Bekende bronnen van anorganische vervuilingen zijn oude 
gasfabrieken (o.a. cyanide). Organische vervuiling wordt aangetroffen bij 
o.a. wasserijen (gechloreerde koolwaterstoffen) en benzinepompen (BTEX: 
benzeen, tolueen, etheen en xyleen). Zowel anorganische als organische 
verontreinigingen kunnen zich in de verschillende fasen van de bodem be-
vinden: vaste fase, gasfase en waterfase. De verontreinigingen bevinden 
zich in de vaste fase als ze bijvoorbeeld geadsorbeerd of geprecipiteerd zijn 
op bodemdeeltjes, in de gasfase als ze vluchtig zijn, en in de waterfase als 
ze oplosbaar zijn. In de bovenste laag van de bodem, de onverzadigde zone, 
komen alle drie de fasen voor. Dieper in de bodem verdwijnt de gasfase 
en vinden we de verzadigde zone. In de verzadigde zone zijn de verontrei-
nigingen het meest mobiel als ze zijn opgelost in de waterfase. Ze worden 
dan met het grondwater meegevoerd en zullen zich over een groot gebied 
verspreiden waar ze een risico kunnen vormen voor de volksgezondheid. 
Verontreinigingen in de watervoerende laag (aquifer) ondergaan fysi-
sche, chemische en biologische processen. Het meevoeren van de veront-
reiniging met het grondwater is een fysisch proces (advectie). Een ander 
fysisch proces is dispersie. Dispersie is een vorm van spreiding op micro-
schaal. De stroomsnelheid in de porien tussen de bodemdeeltjes varieert in 
grootte en richting en veroorzaakt deze spreiding. Een van de chemische 
processen die kunnen optreden, is adsorptie. De opgeloste verontreiniging 
hecht zich aan bodemdeeltjes en gaat dan deel uit maken van de vaste fase. 
Daarnaast kunnen sommige verontreinigingen met behulp van een biolo-
gisch proces worden afgebroken. Dit gebeurt door de micro-organismen 
die van nature in de bodem aanwezig zijn. De verontreiniging wordt dan 
omgezet in onschadelijke stoffen. Bij deze omzetting is de aanwezigheid 
van een elektronacceptor of elektrondonor essentieel. Zowel adsorptie als 
biologische afbraak resulteren in een afname van de verontreiniging in de 
waterfase. Bij adsorptie blijft de verontreiniging echter aanwezig in de vaste 
127 
128 SAMENVATTING 
fase van de bodem terwijl bij biologische afbraak de verontreiniging geheel 
wordt omgezet in andere stoffen. 
Behalve de bovengenoemde processen, speelt de ruimtelijke variabiliteit 
van de fysische bodemeigenschappen een belangrijke rol bij de verspreiding 
van verontreinigingen. De doorlatendheid en porositeit van de bodem kun-
nen van plaats tot plaats varieren. Deze variabiliteit wordt veroorzaakt 
door bodemafzettingen, erosie en morfologische bodemprocessen. Als ge-
volg van ruimtelijke variabiliteit in de doorlatendheid zijn er gebieden in 
de bodem waar het grondwater bijna niet doordringt. Wordt het grondwa-
ter verrijkt met elektronacceptor of elektrondonor, dan zal het lang duren 
voordat de elektronacceptor of elektrondonor deze gebieden bereikt. De 
aanwezige verontreiniging zal hier niet snel worden afgebroken waardoor 
de verspreiding van een verontreiniging toeneemt. 
In de loop der jaren zijn er technieken ontwikkeld voor het reinigen 
van aquifers. Een oude maar nog steeds bruikbare techniek is oppompen 
en behandelen (pump and treat). Het grondwater wordt aan de aquifer 
onttrokken en boven de grond gereinigd met behulp van chemische en / of 
biologische processen. Bij de nieuwere technieken vindt de reiniging van 
het grondwater grotendeels plaats in de bodem zelf. Een voorbeeld hiervan 
is bioremediatie. Bioremediatie is gebaseerd op de pump and treat tech-
niek en richt zich op de stimulatie van biologische afbraak. Hierbij wordt 
er water, verrijkt met een elektronacceptor of elektrondonor (eventueel met 
nutrienten aangevuld), in de bodem ge'injecteerd zodat er een gunstig kli-
maat voor biologische afbraak ontstaat. Is de biologische afbraak in de 
bodem sterk dan zal het onttrokken grondwater weinig of geen verontreini-
ging meer bevatten. Reiniging van het grondwater boven de grond is niet 
meer noodzakelijk. 
DOELSTELLING 
In dit proefschrift richt ik me op het transport van een organische ver-
ontreiniging in een aquifer. Verondersteld wordt dat deze verontreiniging 
kan adsorberen aan bodemdeeltjes en biologisch afbreekbaar is. Stimulatie 
van deze afbraak vindt plaats door een elektronacceptor te injecteren. Het 
doel van dit onderzoek is het beschrijven van het transport gedrag van de 
organische verontreiniging en van de gei'njecteerde elektronacceptor. Daar-
bij wordt gekeken welke processen een dominante rol spelen. De resultaten 
geven een beeld hoe de saneringstechniek bioremediatie geoptimaliseerd 
kan worden. Daarnaast wordt aandacht besteed aan het effect van fysi-
sche heterogeniteit op de verspreiding van de verontreiniging, waarbij de 
doorlatendheid de ruimtelijke variabele is. 
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Om het gedrag van biologisch afbreekbare verontreinigingen te onder-
zoeken, is er een numeriek model ontwikkeld (Hoofdstuk 2). In dit nume-
rieke model wordt de biologische afbraak beschreven met Monod-kinetiek. 
In de bestaande literatuur wordt biologische afbraak in veel gevallen be-
schreven met een lineaire relatie tussen de concentratie van de veront-
reiniging in oplossing en de hoeveelheid afgebroken verontreiniging. Er 
wordt geen rekening gehouden met het feit dat de aanwezigheid van micro-
organismen en elektronacceptoren noodzakelijk is voor de biologische af-
braak van de verontreiniging. Het is realistischer de biologische afbraak te 
beschrijven met behulp van Monod-kinetiek. Monod-kinetiek relateert de 
groei van de micro-organismen niet-lineair aan de beschikbare concentraties 
van verontreiniging en elektronacceptor. Tegelijkertijd relateert Monod-
kinetiek de groei van micro-organismen lineair aan de grootte van de micro-
organismenpopulatie. De afbraak van de verontreiniging en de consumptie 
van de elektronacceptor zijn op hun beurt weer gerelateerd aan de groei 
van de micro-organismen. Daarnaast wordt er in het numerieke model van-
uit gegaan dat de verontreiniging vast zit tussen bodemdeeltjes. Dat wil 
zeggen dat de verontreiniging residueel aanwezig is en immobiel is. Verder 
wordt er verondersteld dat de micro-organismenpopulatie klein is, dat er in 
beginsel geen elektronacceptor in de bodem aanwezig is, en dat de doorla-
tendheid constant is (niet ruimtelijk variabel). Om de biologische afbraak 
op gang te brengen wordt er een elektronacceptor ge'injecteerd. 
Op het moment dat de elektronacceptor wordt ge'injecteerd, is de micro-
organismenpopulatie nog klein en is er minimale afbraak. De indringing 
van de elektronacceptor in de verontreinigde aquifer, hetgeen inzichtelijk 
wordt gemaakt aan de hand van een concentratiefront, is dan te benade-
ren met behulp van eerste orde afbraak. Na verloop van tijd is de micro-
organismenpopulatie sterk gegroeid zodat er maximale afbraak plaatsvindt. 
De verspreiding van de elektronacceptor in de aquifer als gevolg van dis-
persie wordt tegengewerkt door de consumptie van de elektronacceptor ge-
durende de biologische afbraak van de verontreiniging. Deze tegengestelde 
effecten komen in balans waardoor zich concentratiefronten voor de elek-
tronacceptor, de verontreiniging en de micro-organismen ontwikkelen die 
met constante front snelheid en niet-veranderende frontvormen door de 
aquifer reizen. Deze fronten noemen we lopende golven. 
Aangezien het uitvoeren van numerieke simulaties tijdrovend is, is er 
gezocht naar een analytische beschrijving die de numerieke resultaten goed 
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benadert (Hoofdstuk 3). Op het moment dat de lopende golven zich ontwik-
kelen kunnen we de wiskundige vergelijkingen, die de verschillende proces-
sen beschrijven, transformeren naar een meebewegend coordinatenstelsel. 
Met behulp van deze transformatie en de massabalans voor de verontreini-
ging en elektronacceptor wordt er een semi-analytische oplossing afgeleid. 
De semi-analytische oplossing wordt gebruikt om na te gaan wat voor ef-
fect de verschillende processen hebben op de ontwikkelde frontvormen. Een 
toename in de dispersie zorgt voor een spreiding in het front terwijl een 
toename in de biologische afbraak er juist voor zorgt dat het front stei-
ler wordt. De semi-analytische oplossing geeft tevens een indicatie van de 
prestatie van de saneringstechniek bioremediatie, en deze te verbeteren is. 
In hoofdstuk 4 t /m 6 wordt de veronderstelling aangaande de mobiliteit 
van de verontreiniging versoepeld. Er wordt aangenomen dat de verontrei-
niging mobiel is en kan adsorberen aan bodemdeeltjes. De adsorptie wordt 
beschreven met een lineaire relatie tussen de concentratie van verontreini-
ging in oplossing en de hoeveelheid stof geadsorbeerd aan de vaste fase. 
Ook nu is er een semi-analytische oplossing af te leiden die de numeriek 
verkregen concentratiefronten goed benadert. Met behulp van deze oplos-
sing wordt de verhouding tussen de hoeveelheid afgebroken en onttrokken 
verontreiniging bepaald en de 99% remediatietijd berekend (Hoofdstuk 5). 
De remediatietijd geeft de tijd weer die nodig is om 99% van de initieel 
aanwezige verontreiniging af te breken dan wel te onttrekken. Er wordt 
verondersteld dat de bioremediatie een goede prestatie levert wanneer de 
99% remediatietijd klein is en wanneer er meer verontreiniging wordt afge-
broken dan onttrokken. Dit omdat afbraak resulteert in de omzetting van 
verontreiniging naar onschadelijke stoffen terwijl na onttrekking altijd nog 
een reinigingsstap nodig is. 
Op het moment dat bioremediatie wordt toegepast op een bepaalde ver-
ontreinigde locatie, kunnen alleen de injectiesnelheid en de injectieconcen-
tratie van de elektronacceptor gevarieerd worden. De verontreiniging staat 
vast, dus kan er vastgesteld worden welke elektronacceptor noodzakelijk is 
om de biologische afbraak te stimuleren. Een toename in de injectieconcen-
tratie resulteert in een grotere afbraak. Hierdoor zal de 99% remediatietijd 
afnemen en de verhouding tussen de hoeveelheid afgebroken en onttrokken 
verontreiniging toenemen. Een toename in de injectiesnelheid zal de hoe-
veelheid afgebroken verontreiniging niet beinvloeden. Het resulteert alleen 
in een grotere onttrekking van de verontreiniging. Hierdoor zullen de 99% 
remediatietijd en de verhouding tussen hoeveelheid afgebroken en onttrok-
ken verontreiniging afnemen. In dit laatste geval gaat de bioremediatie op 
de pump and treat techniek lijken. 
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Tenslotte wordt aandacht besteed aan de invloed van de fysische he-
terogeniteit op de verspreiding van de biologische afbreekbare verontreini-
ging (Hoofdstuk 6). De veronderstelling aangaande een constante doorla-
tendheid is losgelaten. Er wordt gebruik gemaakt van een stochastische 
methode om de ruimtelijke variabiliteit van de doorlatendheid te beschrij-
ven. Verondersteld wordt dat de ergodische hypothese geldig is wanneer 
de injectielengte groot is ten opzichte van de transversale correlatielengte. 
De transversale correlatielengte geeft de afstand in verticale richting weer 
waarover de doorlatendheden aan elkaar gecorreleerd zijn. Is de ergodische 
hypothese geldig dan kan de gemiddelde doorbraakcurve van de verontreini-
ging bepaald worden. De resultaten laten zien dat in een relatief heterogeen 
aquifer de vorm van de doorbraakcurve bepaald wordt door de heteroge-
niteit en niet door de balans tussen dispersie en niet-lineaire biologische 
afbraak. De gemiddelde doorbraaktijd daarentegen wordt niet bei'nvloed 
door de fysische heterogeniteit. 
CONCLUSIES 
Uit dit onderzoek kan geconcludeerd worden dat niet-lineaire biologi-
sche afbraak grote invloed heeft op de verspreiding van de verontreiniging 
in een aquifer. Het zorgt er voor dat de verontreiniging zich met een lagere 
snelheid door de aquifer beweegt en dat het concentratiefront een constante 
vorm houdt. Dit wordt veroorzaakt door de balans tussen dispersie en 
niet-lineaire biologische afbraak. Daarnaast blijkt dat met behulp van de 
afgeleide semi-analytische oplossing de bioremediatie geoptimaliseerd kan 
worden. Aangezien biologische afbraak te prefereren is boven onttrekking 
van verontreiniging, levert een toename in de injectieconcentratie een be-
tere bioremediatieprestatie dan een toename in de injectiesnelheid. Verder 
heeft het onderzoek aangetoond dat fysische heterogeniteit een spreiding in 
de doorbraakcurve van de verontreiniging veroorzaakt. 
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Chris mij gezelschap gehouden. Chris, bedankt voor de gezelligheid en 
natuurlijk voor je hulp bij het "I^TgX-en", mooi boekje vind je niet? 
Om diverse redenen overnachtte ik regelmatig in Wageningen. Verschei-
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Jacqueline. Mari en Jacqueline, bedankt voor de slaapplaats en de gezellige 
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